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1.1.2. Global distribution and ecological roles of mangroves 

Mangrove forests cover close to 140,000 km2 and extend over a latitudinal range from 30 °N 

to 38 °S (Fig. 1.2) (Giri et al. 2011). Mangrove distribution in the world is: Asia (42 %), Africa (20 

%), North and Central America (15 %), Oceania (12 %) and South America (11 %) (Giri et al. 

2011). The more developed mangroves can be found in Sundarbans, Mekong Delta, Amazon, 

Madagascar, Papua New Guinea and Southeast Asia. The above pattern clearly indicates that 

mangrove distribution is limited by temperature (Duke 1992). The number of mangrove species 

varies according to a geographical location, position within an estuary, and the position along the 

intertidal profile (Duke et al. 1998). They prefer a humid climate with fresh water inflow that 

contains abundant nutrients and silts. Mangrove species worldwide comprise approximately 14 to 

16 families and 54 to 75 species, with greatest biodiversity occurring in Southeast Asia (Tomlinson 

2016). They are abundant in broad, sheltered, low-lying coastal plains, where topographic gradient 

are small and tidal amplitudes are large. 

 

Fig.  1-2. Mangrove Species Richness: Native distributions of mangrove species (Polidoro et al. 2010)– colors 

represent the number of species. 

The ecological, environmental, and socioeconomic importance of mangrove wetlands has been 

widely recognized (Kathiresan 2012). They have an extraordinary high rate of primary 

productivity (Alongi 2002), acting as both an atmospheric CO2 sink and an essential source of 

oceanic carbon, protect coastal erosion and maintain shore stability (Mumby et al. 2004). In 
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addition, mangrove forests provide many ecosystem services, such as support for local livelihood 

through provision of fuels, foods, construction materials (Bandaranayake 1998) and aquatic 

products. Mangroves host wide variety of biodiversity, providing habitats for fauna including 

aquatic and terrestrial insects, fish, crustaceans, amphibian, mammalian, reptilian and avian 

species (Hogarth 2015). 

As a transit zone between terrestrial and marine environments, mangrove wetlands also 

inevitably receive contaminants from tidal water, rivers, and storm runoff (Tam and Wong 

1996,1993). It is estimated that from 75 % to 90 % of the total flux of continental materials to the 

oceans is trapped in coastal environments (Berner and Raiswell 1983). Mangroves have been 

reported to serve as reservoirs of contaminations, including nitrogen and phosphorus (Tam et al. 

1995), and organic pollutants (Maskaoui et al. 2002). Due to the capacity of mangroves to 

efficiently trap suspended materials from the water column (Furukawa et al. 1997) and the high 

affinity of organic matter (OM) for metals, mangroves sediments have a large capacity to 

accumulate these pollutants (Harbison 1986, Marchand et al. 2011b, Tam and Wong 2000). 

Therefore, coastal areas can act as filters, retaining materials supplied by the rivers, the atmosphere 

and the oceans for relatively long periods of time (Berner 1984, Kjerfve and Magill 1989). 

Despite their importance for local livelihood, biodiversity and carbon sequestration, mangrove 

forests are greatly threatened, being destroyed at a rate close to 1 % per year (Duke et al. 2007). 

Losses in mangrove forest extent were observed globally, due to anthropogenic and natural factors, 

with majority of loss and degradation occurring in Southeast Asia, where aquaculture practices 

were widespread (Thomas et al. 2017). As a result of mangrove degradation, the release of carbon 

into the atmosphere has been estimated to range from 0.02 to 0.12 Pg per year (Donato et al. 2011). 

Furthermore, mangrove forest destruction can result in sediment oxidation, inducing the 
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modification in physico-chemical properties of sediments and subsequent oxidation of the stored 

organic matter (Dent 1986). 

1.2. Sources, distribution of trace metals in mangrove. 

1.2.1. Sources of trace metals 

Trace metal is a general collective term applied to the group of metal and metalloid with an 

atomic density greater than 5 g cm-3 (Berkowitz et al. 2008). Another definition of trace metal is 

that its molecular weight is above 40 g mol-1. They can be divided into two groups including 

essential trace metals and toxic trace metals based on their importance to human being and living 

organisms. The sources of trace metals entering the estuarine system are point sources (e.g. 

municipal sewage treatment plants, industrial facilities, combined sewer overflow), non-point 

sources (e.g. the runoff of agriculture, urban, construction, mining regions, landfills/ spills) and 

atmospheric deposition (Fig. 1.3) (de Souza Machado et al. 2016). Pollutants commonly reported 

in estuaries and in the coastal ocean include trace metals accumulating from smelting, sewage-

sludge dumping, ash and dredged material disposal, antifouling paints, seed dressings and 

slimicides, power station corrosion products, oil refinery effluents and other industrial processes 

(Idrees 2009, Nriagu and Pacyna 1988). 

 

Fig.  1-3. Conceptual model of physical, chemical and biological variables and processes for metal behaviors (de 

Souza Machado et al. 2016)(de Souza Machado et al. 2016). 
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Among the many industrial sources of trace metals, the most important are pyrometallurgy 

processes in mining and smelting (Larison et al. 2000). Burning of fossil fuels, incineration of 

wastes and release of non-treated domestic and urban sewage are also important sources of trace 

metals to the environment. Most sources of trace metals were associated with large urban centers 

which, throughout the world are preferably located along the seashore, and this is particular true 

for tropical regions. Globally, there has been an agreement that the reported levels of trace metals 

within mangrove sediments are increasing every year as a result of pollution caused by 

developmental growth and urbanization (Sekabira et al. 2010). 

Mangrove ecosystems receive considerable quantities of riverine and coastal watershed 

discharge, which includes high loads of nutrients, sediments, suspended particulate matter, trace 

metals and petroleum hydrocarbons associated with municipal wastewater and agricultural runoff 

that impact the water and sediment quality, productivity, biodiversity and functioning of coastal 

ecosystems. For instance, the investigations of trace metal pollution in grey mangrove biota within 

the Red Sea coastal areas of Saudi Arabia have documented very high concentrations of copper 

and chromium (Usman et al. 2013). Similary in India and Hong Kong, the intense development 

and industrialization have posed an ecological threat to the nearby mangroves, which have 

revealed elevated levels of trace metals that exceed sediment quality guidelines particularly in lead 

(Defew et al. 2005, Sarika and Chandramohanakumar 2008). Thus, coastal and marine resources 

are under relentless pressure from rapid population growth and industrialization. 

1.2.2. Distribution of trace metals in mangroves 

Many coastal areas act as an intermediate step in the transport of water and substances from 

land to sea. This transition zone induce drastic physical and chemical changes of the water body. 

Decreasing river topography gradients towards the sea results in descending water velocity and 
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transport capability, which affects the deposition of particles by gravity. As a results of these 

changes, some suspended particulate load, including trace metals, which cannot be biologically or 

chemically degraded, may accumulate locally. Other long-lasting pollutants are trapped and 

deposited, and only a minor fraction of continental load is exported to the open ocean (Salomons 

et al. 1988). In addition, mangrove muds have intrinsic physico-chemical properties and an 

extraordinary capacity to accumulate materials discharged to the near shore marine environment 

(Harbison 1986). The sheltered and stagnant water environment of mangroves allow extensive 

sedimentation of the finest clay, silt and detrital particles. This material is bound and stabilized by 

a tangled mat of root hairs growing horizontally just below the mud surface. These particles 

provide optimum surfaces for trace metal transport. However during prolonged period of water 

immersion, changes in pH may affect the migration of metals at the sediment surface and the 

concentration of free metal ions in overlying water. In mangrove sediments, trace metals can be 

subject to adsorption, precipitation and co-precipitation, and uptake by plants (Wood and Shelley 

1999, Yu et al. 2001). Mangrove plants can retain contaminants in their tissues (Dunbabin and 

Bowner 1992), but also favor the settlement of suspended solids, carry oxygen from the aerial parts 

to the roots, create the proper environment in the rhizosphere and promote a variety of chemical 

and biochemical reactions, which enhance metal retention (Kadlec et al. 2000). The high levels of 

sulfide production in mangroves favor the precipitation and immobilization of trace metals 

(Ambus and Lowrance 1991, Dunbabin and Bowner 1992). Conversely, the radial oxygen loss 

(ROL) of mangrove plants would aerate the rhizosphere and increase the mobilization of trace 

metals due to sulfide oxidation and dissolution. The ROL would also cause the formation of Fe 

plaque, which provides some extra binding sites for trace metal on root surface (Cheng et al. 2013). 
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Due to the fact that mangrove roots usually act as a physical barrier, retaining most of trace metals 

and reducing their translocation to aerial parts (Yim and Tam 1999). 

1.2.2.1 Trace metals in mangrove waters 

The concentrations of trace metals in estuarine and coastal marine waters are controlled by 

advective transport, mixing, and differential settling of sediment-sorbed metals, leading to 

substantial variation in trace metal composition along the estuary. In addition, biogeochemical 

processes occurring at the water-sediment interface or in the water column will influence trace 

metals distribution in these systems. Trace metals dynamic in mangrove waters are less studied 

than in their sediments. Studies concerning trace metals in the water of some mangrove forests 

were developed in Singapore (Cuong et al. 2005), Taiwan (Leaño and Pang 2010), Australia 

(Melville and Pulkownik 2006), United State (Jara-Marini et al. 2009), Nigeria (Essien et al. 2009). 

Bayen (2012), in his review, reported the ranges for detectible concentrations (µg L-1) of trace 

metal in mangrove rivers, estuaries and adjacent coastal: 0.470 – 3.1 (As), 0.094 – 21 (Cr), 0.1 – 

109 (Cu), 0.272 – 20 (Ni), 0.104 – 17 (Pb).  

1.2.2.2 Trace metals in mangrove sediments 

Natural background levels of trace metals are present in the majority of sediments due to 

mineral weathering and natural soil erosion. Sediments with low trace metal concentrations are 

not necessarily natural just because the levels are really low. They may represent a mixture of 

small quantity of pollutants diluted by a large amount of natural sediment with low trace metal 

contents. Suspended particles are by far the most important metals carriers from rivers to coastal 

areas (Yao et al. 2016). When entering brackish water, deposition of fine particles, due to the 

decrease in current velocity, flocculation of negatively charged clay particles, and the general 

decrease of metal species solubility occur, leading to a gradual accumulation of trace metals in 

sediments (Salomons and Forstner 1984). Bayen (2012) showed that trace metal concentrations 
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have been reported for sediments collected from mangrove ecosystems like in Hong Kong (Chan 

1992, Ong Che and Cheung 1998, Tam and Wong 1995), Peoples Republic of China (Jingchun et 

al. 2006), United Kingdom (Emmerson et al. 1997), Malaysia (Kamaruzzaman et al. 2008), 

Australia (McConchie et al. 1988), Philippines (Prudente et al. 1994), Mexico (Soto-Jiménez and 

Páez-Osuna 2001), Brazil (Lacerda and Abrao 1984), Viet Nam (Tue et al. 2011), New Caledonia 

(Marchand et al. 2011a). The most investigated trace metals  in mangrove habitat are nickel, 

chromium, arsenic, cobalt, copper and lead, with a ranges of concentrations (µg g-1 dry weight) of: 

0.3 – 208.4 (Ni), 0.55 – 6240 (Cr), 8 – 40 (As), 0.6 – 58 (Co), 0.01 – 4050 (Cu), 0.08 – 1950 (Pb).  

1.2.2.3 Trace metals in mangrove plants 

Mangrove plants have developed physiological, morphological and anatomical adaptations, 

such as salt regulation, aerenchyma, and highly specialized root systems (knee joints, 

pneumatophores or aerial roots, cable roots, and buttress/prop roots), to cope with anoxic and 

saline environments (Marchand et al. 2004). These adaptive changes in mangrove plants, together 

with the harsh growth conditions (environmental extremes and pollution) suggest the possibility 

of using mangrove plants in phytoremediation of contaminated water and sediments. Because of 

their predominance, Avicennia and Rhizophora species have been widely used as bioindicators for 

understanding uptake and distribution of metals (Kamaruzzaman et al. 2011, Marchand et al. 

2016). Mangrove roots often act as a barrier, retain most of the trace metals and reduce the 

translocation of trace metals to other plant parts (Yim and Tam 1999). The variation in the levels 

of trace metal tolerance exhibited by different types of mangroves, the grey mangrove Avicennia 

marina has a relatively higher tolerance level when compared with other mangrove species 

(Agoramoorthy et al. 2008, MacFarlane et al. 2003). It is speculated that Avicennia marina could 

be more tolerant to trace metals by developing several adaption mechanisms including avoiding 

the uptake of metals actively and ions excretion at their leaf surfaces. Numerous studies have 
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utilized mangrove species and their sediment as reliable bio-indicators for trace metal pollution 

and contamination (Defew et al. 2005, MacFarlane et al. 2003). Wetland plants can accumulate 

trace metals in their tissues and have the ability to take up greater than 0.5 % dry weight of a given 

element and bioconcentrate the element in their tissues to 1,000-fold the initial element supply 

concentration (Yang and Ye 2009). Most studies report concentrations for multiple trace metals 

(MacFarlane and Burchett 2002). Range of detectable levels of contaminants (µg g-1 dry weight) 

for all species and tissues in mangrove plants were: 0.2 – 347 (Cr), 0.1 – 207 (Cu), 0.42 – 2472 

(Mn), 0.4 – 108 (Ni), 0.02 – 225 (Pb), and 0.41 – 2.47 (Co) (Bayen 2012). 

1.2.2.4 Trace metals in mangrove-associated gastropods 

Gastropods are one of the most abundant mangrove-associated animals. They can tolerate a 

wide range of trace metals concentrations and physical variables (i.e. salinity). Pinocytosis and 

ingestion are processes by which metals are taken up into their body (Luoma and Bryan 1981). 

Among gastropods, snails offer the possibility to assess metals contaminations. Zhou et al. (2008) 

reported that snails can accumulate higher metal concentrations than any other groups of 

invertebrates, and were, thus, revealed as potential bioindicators. An understanding of the metal 

concentrations in their different tissues also gives an idea regarding the safety of these snails for 

human consumption (Cheng and Yap 2015). The metal occurrence in whole body and different 

parts of various snails in the mangroves were reported by several scientists (Cheng et al. 2016, 

Yap and Cheng 2013). They showed that the different metals concentrations in snails tissues 

depended not only on metal characteristics (i.e. physiological properties and biological functions), 

and metabolic requirements of each species. Furthermore, metals bioavailability to snails also 

depend on their feeding regime, their digging activities, and metal partitioning in their foods. 

Essential elements as Fe, Mn and Cu presented higher concentrations in snail soft tissues than As, 

Ni, Cr and As, which can be toxic (Dias and Nayak 2016, Palpandi and Kesavan 2012, Vargas et 
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al. 2015). Metal bioaccumulations in snails have been addressed in the past two decades (Berandah 

et al. 2010, Dias and Nayak 2016, Reed-Judkins et al. 1997). The link between metal 

concentrations in sediment with a number of snails species were found to be negative (Amin et al. 

2009). De Wolf and Rashid (2008) also found that Littoraria density was higher in non-polluted 

area than the polluted one. 

1.2.3. Geochemistry of trace metals in mangrove sediments. 

1.2.4. Possible reactions affecting the cycling of trace metals in mangrove sediments 

Trace metals are transported mostly associated with suspended particles, in coastal water 

(Turner 1996, Wang et al. 2016) and this is the major form under which trace metals reach 

mangrove areas. Once inside the mangrove forest, trace metals will suffer a series of processes 

typical of the mangrove water and sediment conditions, which are different from those occurring 

in the marine and riverine environments. Sheltered, slack water conditions allow deposition of fine 

particles normally enriched with trace metals. High organic matter and sulfide content helps in 

fixing trace metals as insoluble sulfides and precipitated organic-metal complexes (Marchand et 

al. 2012).  

Microbial degradation of the high content of organic matter in mangrove muds generally 

removes most oxygen from sediments below the surface layer, creating ideal condition for 

bacterial sulphate reduction (Berner and Raiswell 1983). When photosynthetic oxygen production 

end during the night, H2S diffuses upwards through the mud and escapes to shallow water covering 

the sediments. Metals dissolved in this water as free ions or metal-humic complexes, are deposited 

as sulphides (Harbison 1986). Fig. 1.4 shows a schematic representation of the major physical-

chemical processes involving trace metal post-deposition mobilization in coastal sediments. The 

enrichment of pore water metal concentrations occurs due (i) to the solubilization of substances 

and metal complexes subject to redox processes, in particular oxidized compounds of Fe and Mn, 
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and most probably of As; (ii) to desorption processes as consequence of the lower pH typical of 

pore waters; and (iii) to the partial mineralization of organic matter and subsequent solubilization 

of metal complexes with dissolved organic species, which readily react with free amino acids and 

amino sugars and polyphenols of low to medium molecular weight (Lacerda et al. 1987, Salomons 

and Forstner 1984). The permanence of most metals in solution will depend on the possibility of 

complex formation with organic and inorganic ligands because autochthonous organic production 

is high in coastal waters as compared to most waters of the continental shelf, as land derived 

nutrients and those regenerated in bottom sediments sustain a continuous growth of phytoplankton. 

Also, shallow depth facilities the colonization by macrophytes such as seagrasses, saltmarshes and 

mangrove species which contribute to the supply of organic matter.  

 

Fig.  1-4. Representation of post-deposition mobilization of trace metals in coastal sediments (Lacerda 1998). 

Dissolved metals resulting from reductive dissolution of trace metals during OM decay process 

may be incorporated by the mangrove biota with various forms. Eventually, they can be transferred 

through food chains to terrestrial and marine ecosystems and be exported to the continental shelf 

associated with dissolved and particulate detritus. Mangrove sediments are known as redox-

stratified, with a succession of oxic, suboxic and anoxic zone from the surface to depth (Marchand 
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et al. 2011a). The strong redox gradient in mangrove sediments plays a dominant role in speciation 

and solubility of redox sensitive elements as trace metals (Otero et al. 2009) and usually act as a 

sink for anthropogenic contaminations (especially trace metals) in coastal areas. Metallic 

speciation in mangrove sediments depend on one or several combination of sediment properties: 

pH, organic matter, clay content, redox potential, salinity, the quality and quantity of suspended 

matter (e.g. organic and inorganic), iron and manganese (hydr)oxides (Marchand et al. 2012) 

which are dependent on tidal amplitude and flooding characteristics, season and meteorological 

conditions. Complex redox cycling in mangrove sediments may thus significantly impact the 

speciation of metallic elements across the intertidal zone (Clark et al. 1998, Tam and Wong 2000).  

1.2.5. Factors controlling the geochemistry of trace metals in mangrove sediments 

1.2.5.1 Organic matter 

The sources of sedimentary organic matter are multiple and include mangrove litter or 

imported suspended organic matter (terrestrial sources, microalgae, macroalgae, riverine and 

marine material, etc.). The most common surface functional group in organic matter are –COOH 

(carboxyl), -OH (hydroxyl), -C6H4-OH (phenolic), -NH2 (amino) and -NH (imino) compounds, 

which are capable of binding cations (Stevenson 1976). Among these, metals are mainly bound to 

–COOH and –OH groups ,due to their ionization, and can form stable complexes with positively 

charged trace metal, which will affect their mobility and bioavailability (Antoniadis and Alloway 

2002). 

1.2.5.2 Redox cycling 

It is generally accepted that sediment ORP is also a most important factors controlling trace 

metal mobility. Fig. 1.5 shows sequence of reactions for a hypothetical soil containing a finite 

supply of bioavailable organic matter and sediment oxidation capacity (Chadwick and Chorover 

2001). Oxygen (O2) can be depleted rapidly by microbial and root respiration in sediment subjected 
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to limited influx of air or oxygenated water because it is sparingly soluble in water (0.25 mM at 

25oC). At this point, dissolved nitrate and available Mn(IV) solids are utilized as alternative 

electron acceptors during the oxidation of organic material (Chadwick and Chorover 2001). If 

these reactants are exhausted, further reduction results in the successive use of Fe (III) solids (ferric 

reduction), SO4
2- (sulfate reduction), and eventually organic matter itself (fermentation) or CO2 

(methanogenesis). Sediments tend to undergo a series of sequential redox reactions when the redox 

status of the sediment changes from aerobic to anaerobic conditions during flooding (Yu et al. 

2007).  

 

Fig.  1-5. A hypothetical plot showing change in terminal electron-accepting processes for a soil containing a finite 

supply of bioavailable organic matter and soil oxidation capacity (Chadwick and Chorover 2001). 

In anaerobic sediment, acid volatile sulfide (AVS), a key component controlling the activities 

of some divalent cationic metals, are usually present naturally. Initially, the majority of ASV 

contained in the anaerobic sediment is bound to iron as soil iron monosulfide (FeS), greigite 

(Fe3S4) or exits as free sulfides. However, if divalent metals, such as copper, chromium or lead are 

present, the iron in iron-sulfide are displaced and one of these heavy metals rapidly bind to AVS 

with stronger affinity (Hansen et al. 1996). Finally, in those sediments contaminated, the metal 

bound with sulfide usually takes up a rather high proportion. When ORP in sediment increases, 
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the oxidation rate of metal sulfides and the degradation rate of organic compounds will increase 

correspondingly. Both can accelerate the release of the adsorbed/ complexing trace metals. The 

reaction can be expressed as: MS2 + (15/4)O2 + (7/2) H2O → M(OH)3 + 2SO4
2- + 4H+ . The release 

of H+ ions into pore-water would decrease the pH of sediment and then cause a secondary release 

of trace metals. Part of this released material will be re-adsorbed, especially onto the more labile 

binding fractions. For instance, reduced conditions result in the reduction of Cr (VI) to Cr (III) 

(Pardue and Patrick 2018) and the immobilization of chromates (Reddy and DeLaune 2008). 

Conversely, Cr (VI) will be mobilized at high Eh values.  Several electron donors (Fe (II), sulfur 

compounds), and bacteria acting as catalysts, may be involved in the Cu(II) to Cu(I) reduction 

process under slightly alkaline and anaerobic conditions (Simpson et al. 2000), subsequently 

leading to Cu2S precipitation (Du Laing et al. 2009). 

1.2.5.3 Iron and manganese oxihydroxides 

As a result of temporal inundations and the establishment of lower ORP, Fe and Mn 

oxihydroxides in the sediment are reduced to Mn2+ and Fe2+, being present as soluble metals and 

organic complexes. This transition zone is called postoxic or suboxic, and extends for a few 

millimeters to a few centimeters in most coastal areas, (Alongi et al. 1996). Trace metals associated 

with Fe and Mn oxihydroxides, are released from these complexes when reaching this transition 

zone, and are transformed into more mobile and plant-available forms. However, these dissolved 

elements can also be immobilized due to co-precipitation with or adsorption to Fe and Mn 

oxihydroxides if the redox conditions evolve towards oxia. For example, Borch et al. (2009) 

showed that the mobility, dynamic, bioavailability, toxicity and environmental fate of As are 

controlled by biogeochemical transformations involving Fe that can form or destroy As- bearing 

carrier phases, or modify the redox state and chemical speciation of As (Fig 1.6). The stability of 
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Fe2+ and Fe oxihydroxides depends on a combination of the Eh and pH values of the sediment. The 

nearly amorphous Fe(OH)3 minerals (ferrihydrite) are reduced at a higher Eh for a given pH than 

are the crystalline minerals of FeOOH (goethite) or Fe2O3 (hematite) (Du Laing et al. 2009). Fe 

occurs in soluble forms under acid conditions. At neutral pH, Fe is soluble at low redox potentials 

or as a soluble organic complex in oxic sediments. The absence of As in the dissolved phase is 

related to the presence of poorly soluble iron (hydr)oxides that are able to sorb arsenite-As(III) and 

arsenate-As(V).  

 

 

Fig.  1-6. Concept of a model with selected (a) abiotic and (b) biotic redox processes that influence the fate of 

arsenic in the environment (Borch et al. 2009)(Borch et al. 2009). 
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Although Mn oxides are typically less abundant in sediments than Fe oxides, they are 

particularly involved in sorption reactions with trace metals, as they adsorb them more strongly, 

thus reducing their mobility. The range of redox potential during a tidal cycles is sufficient to 

change Mn species equilibrium as Mn(II) and Mn (IV), resulting in dissolution or precipitation of 

Mn oxihydroxides and consequently of any trace metal associated with them. Guo et al. (1997) 

reported an increasing affinity between both Fe and Mn oxides and As, Cr with increasing redox 

potential in the sediment. 

1.2.5.4 pH and carbonates 

The pH is a key parameter controlling trace metal transfer in sediments. Changes of pH can be 

induced by different parameters (tides, season, mangrove species, depth, etc) (Marchand et al. 

2012) and can affect indirectly the mobility of metals. When pH decreases in sediment, the 

competition between H+ and the dissolved metals for ligands (e.g. OH-, CO3
2-, SO4

2-, Cl-, S2- and 

phosphates) becomes more and more significant. It subsequently decreases the adsorption abilities, 

and then increases the mobility of trace metals. In the sediments, due to the organic matter 

degradation and the acid volatile sulfide oxidation, the pH usually decreases from neutral to acid 

(Otero et al. 2009), sometimes even decreasing to pH 1.2, which results in some metals release 

into the water even under stable water conditions (Bonnissel-Gissinger et al. 1998). This processes 

would occurred for pH range of Ni (5.0 – 6.0), As (5.5 – 6.0), Cu (4.5), Pb (4.0) and Fe (2.5). 

The presence of carbonates in calcareous floodplain sediments constitutes an effective buffer 

against a pH decrease. These carbonates, which may directly precipitate metals (Guo et al. 1997),  

can be (bio)geochemically formed and deposited within frequently flooded sediments. On the other 

hand, decalcification can also occur which may result in acidification of the pore waters (Du Laing 

et al. 2007). These authors demonstrated that a pH drop during partial decalcification can cause an 
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increased release of metals in a calcareous sediment layer of a contaminated overbank 

sedimentation zone. 

1.2.5.5 Salinity 

Tidal variations in estuaries result in varying salinities of the river water and pore water of the 

floodplain sediment. Seawater of high ionic strength (0.6 mol L-1) is diluted by river water (ionic 

strength 10-3 – 4. 10-3 mol L-1), leading to axial salinity gradients and the formation of the fresh 

water-seawater interface (Millward 1995). When negatively charged clay particles move from 

freshwater to salt water, free cations neutralize the negatively charged surfaces, allowing 

molecular attractive forces to dominate when the particles are brought close enough. They 

flocculate and their settling velocity increases, leading to increased deposition of sediment in the 

floodplains. Because trace metals are often strongly sorbed to particles, they will also tend to 

accumulate in floodplains. In addition to salinity-induced flocculation of metal-containing 

particles, salinity can also affect metal fate in different other ways. Due to chloride concentrations 

increase when inland fresh river water mixes with seawater, metals may be mobilized from 

sediments as soluble chloride complexes (Hahne and Kroontje 1973). Moreover, an increase of 

salinity is also associated with an increase of major element concentrations (Na, K, Ca, Mg), which 

compete with trace metals for the sorption sites. The addition of Ca salts results in a higher release 

of exchangeable metals in the solution compared to the addition of Na salts, which are less 

competitive for sorption (Khattak et al. 1989). 

1.3. The Can Gio Mangrove Biosphere Reserve 

1.3.1. Geo-physical characteristics 

The Can Gio Mangrove Biosphere Reserve (Fig. 1.7) is located in the South of Viet Nam 

(10º22’14’’-10º40’09’’N; 106º46’12’’-107º00’59’’E), being situated in Can Gio district of Ho Chi 

Minh City (HCMC: a Vietnam biggest industrial city with almost 10 million inhabitants). The total 
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In 1978, with the support of the HCMC government, Rhizophora apiculata was planted in any 

uncovered lands as part of a reforestation program. After 22 years, the Can Gio replanted mangrove 

have become one of the largest reforestation areas in Vietnam, covering over 40% of the Can Gio 

district (approximately 35,000 ha) (UNESCO 2000). It is now considered to be among the most 

developed mangrove forests in Southeast Asia and was recognized as an international biosphere 

reserve on January 21, 2000. Like other biosphere reserves on the world, the Can Gio Mangrove 

Biosphere Reserve has three functions: 1) biodiversity restoration, 2) stimulation of 

environmentally responsible cultural and economic development; and 3) training, research, and 

education with regard to mangrove ecosystems.  

To date in global studies, the Can Gio mangrove is usually classified as a ‘Mangrove 

afforestation and re-forestation area” (Blasco et al. 2001). According to the Management Board of 

the Can Gio Mangrove Biosphere Reserve, several hundreds of plant species, 77 mangrove species 

or associated, 130 species of algae, 63 zooplankton species, 127 species of fish, 30 species of 

reptiles, 100 species of invertebrate benthic animals, 145 bird species, and 19 mammal species are 

found in the mangrove. The observed 77 mangrove species (35 true mangroves and 42 associates) 

include both salt water and brackish water species (e.g. Bruguiera gymnorrhiza, Bruguiera 

parviflora, Ceriopssp, Kandelia candel, Rhizophora mucronata, Sonneratia alba, Sonneratia 

ovata, Sonneratia casedar, Avicennia officinalis, A. lanata, Aegiceras majus, Thespesia populnea, 

Hibiscus tiliaceus, Lumnitzerara cemose, Xylocarpus granatum, Excoecaria agallocha (Luong et 

al. 2015). The three dominant species are namely Rhizophora apiculata, Avicennia alba, and 

Phoenix paludosa (Fig. 1.10). The Rhizophora apiculata has a high commercial timber value and 

was widely replanted after the war. The Avicennia alba is a pioneering species and has a higher 

saline tolerance and ability to grow on weak, unconsolidated sediment. The Phoenix paludosa is 
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often found on elevated ground, forming mixed communities with other mangrove species such as 

Acrostitum aureum and Nypa fruticans. Mangroves and sea grass beds act as a breeding ground 

for many other species of mollusks, crustaceans, fish, amphibians, and birds-as well as terrestrial 

animals. About 150 species of aquatic fauna are known in this region. 

 

Fig.  1-10. The distribution of mangrove species in Can Gio Mangrove Biosphere Reserve (Kuenzer and Tuan 2013).. 

Human benefits not only from the direct use of these ecosystem goods, but also from its 

important ecological functions and services. For example, mangroves act as a cleansing system for 

water and sediments. Thus, they provide hydrological services to local inhabitants. Furthermore, 

mangrove ecosystems maintain high biodiversity within forests and water grounds, protect coastal 

zones from erosion through the moderation of the force of winds and waves, and stabilize climate 
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persistence, trace metals may represent a major threat to the mangrove biodiversity and also for 

human health. Thus, a better understanding in the fate of trace metals in the Can Gio mangrove 

ecosystem is required. 

1.4. Objectives of the dissertation  

The overall goals of this PhD thesis was to elucidate the fate of trace metals in the Can Gio 

mangrove forest, Viet Nam. Especially, I wanted to answer the following questions:  

(1) What are the main parameters controlling trace metals partitioning between dissolved and 

particulate phases in the Can Gio mangrove estuary? 

(2) What are the trace metal distributions and speciation in the mangrove sediments? 

(3) What are the main parameters controlling trace metals distribution in the mangrove 

sediments? 

(4) In which quantity trace metals are exported from the mangrove sediments? 

(5) What are the main drivers of trace metal exports from mangrove sediments to tidal creek? 

(6) Is there any transfer of trace metals from mangrove sediments to mangrove biota? 

The objectives will be addressed in the following chapter: 

The chapter 2 emphasizes the distribution and partitioning of metals (Fe, Mn, Cr, As, Cu, Ni, 

Co and Pb) between particulate and dissolved phases along the salinity gradient in the Can Gio 

mangrove estuary. This chapter was published in the journal Chemosphere (Chemosphere 196 

(2018) 311-322.  

The chapter 3 investigates the trace metals geochemistry (Fe, Mn, Cr, As, Cu, Ni and Co) in 

the sediments and their ecological risks on mangrove organisms. This chapter will be submitted to 

the journal Chemosphere.  
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The chapter 4 provides the degree and distribution of trace metals (Fe, Mn, Cr, As, Cu, Ni and 

Co) in mangrove biota, plants and snails. This chapter will be submitted to the journal 

Ecotoxicology and Environmental Safety   

The chapter 5 investigates the influence of pore-water seepage on the trace metals dynamics 

(Fe, Mn, Ni and Co) in a tidal creek of the Can Gio mangrove. This chapter will be submitted to 

the journal Science of the Total Environment. 

Eventually, the last chapter of this dissertation is a conclusion that summarizes the main results 

obtained during my PhD thesis, and I also developed some research perspectives.  
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2. Chapter 2 - Trace metals partitioning between particulate  
and dissolved phases along a tropical mangrove estuary  

 

This chapter was published in the journal Chemosphere (Chemosphere 196 (2018) 311-322).  

Highlights: 

o Partitioning and distribution of 8 trace metals were studied in a mangrove estuary 

o TSS was the main trace metals carrier during their transit in the estuary 

o The monsoon induced increased metal inputs to the estuary 

o Most of dissolved metals exhibited a non-conservative behavior whatever the season 

o Mn, Cr and As were highly reactive, OM or DO playing a key role in their dynamics  

Keywords: biogeochemical processes; salinity gradient; monsoon effect; non-conservative 

behavior; Vietnam 
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ABSTRACT 

Mangroves can be considered as biogeochemical reactors along (sub) tropical coastlines, 

acting both as sinks or sources for trace metals depending on environmental factors. In this study, 

we characterized the role of a mangrove estuary, developing downstream a densely populated 

megacity (Ho Chi Minh City, Vietnam), on the fate and partitioning of trace metals. Surface water 

and suspended particulate matter were collected at four sites along the estuarine salinity gradient 

during 24 h cycling in dry and rainy seasons. Salinity, pH, DO, TSS, POC, DOC, dissolved and 

particulate Fe, Mn, Cr, As, Cu, Ni, Co and Pb were measured. TSS was the main trace metals 

carrier during their transit in the estuary. However, TSS variations did not explain the whole 

variability of metals distribution. Mn, Cr and As were highly reactive metals while the other metals 

(Fe, Ni, Cu, Co and Pb) presented stable log KD values along the estuary. Organic matter dynamic 

appeared to play a key role in metals fractioning. Its decomposition during water transit in the 

estuary induced metal desorption, especially for Cr and As. Conversely, dissolved Mn 

concentrations decreased along the estuary, which was suggested to result from Mn oxidative 

precipitation onto solid phase due to oxidation and pH changes. Extra sources as pore-water 

release, runoff from adjacent soils, or aquaculture effluents were suggested to be involved in trace 

metal dynamic in this estuary. In addition, the monsoon increased metal loads, notably dissolved 

and particulate Fe, Cr, Ni and Pb.  
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2.1.  Introduction 

Estuaries are key environment for the transfer of trace metals from land to open ocean (Fu et 

al. 2013, Wang et al. 2016). They are characterized by strong physico-chemical gradients, e.g. 

salinity, dissolved oxygen (DO), pH, redox condition (Elliott and McLusky 2002), as well as 

gradients of organic matter quantity and quality (Abril et al. 2002), which may affect trace metal 

speciation and distribution. Some elements may have a conservative behavior along the estuary, 

and their distribution is controlled by physical mixing of river and sea waters (de Souza Machado 

et al. 2016). Conversely, others may have a non-conservative additive or subtractive behavior, 

which means that due to biogeochemical processes a gain or a loss of dissolved metal 

concentrations in comparison to the theoretical dilution line will be observed. Metals also have 

affinities with suspended solid (Lacerda et al. 1988), which are by far the most important metal 

carriers from the rivers to the coastal area (Yao et al. 2016). Consequently, the distribution and 

partitioning of trace metals between the particulate and the dissolved phases may vary along the 

estuarine salinity gradient due mainly to changes in water chemistry (pH, DO, organic matter) and 

ionic strength (Benoit et al. 1994, de Souza Machado et al. 2016) which can induce trace metal 

desorption by metal complexation with chloride and sulfate forming soluble inorganic complexes 

(Acosta et al. 2011, Greger et al. 1995) or metal adsorption by cation exchange capacity (Wang et 

al. 2016, Yang and Wang 2017).   

In developing countries, the capacity of wastewater treatment plants are not sufficient enough 

to treat the metal loads from urban, domestic or industrial activities, which are thus released into 

the rivers and then estuaries. As most of the tropical estuaries are colonized by mangrove forests 

(Giri et al. 2011), those inorganic contaminants can thus be deposited in these ecosystems. 

Mangrove sediments are known to act as a sink of trace metals due to their richness in organic 

matter, their clay content, and their dense root systems that can efficiently trap suspended matter 
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and their associated metals from the water column (Chu et al. 1998, Harbison 1986, Marchand et 

al. 2006b, Natesan et al. 2014). However, because of the reactivity of these sediments and the 

alternation between oxic and anoxic conditions, trace metals bearing phases may be dissolved 

(Marchand et al. 2016, Noël et al. 2014) and metals can, thus, be exported to adjacent tidal creeks 

(Holloway et al. 2016). As mangroves have specific ecological, sociological and economical roles, 

notably for the local population and the fishing resources (Lee et al. 2014), their ecological status 

and the understanding of the metal fate in their water column is highly relevant.  

Can Gio is the biggest mangrove forest in Vietnam, being a well-known sea-food producing 

area, and having its core zone registered as a UNESCO biosphere reserve. Can Gio is also an 

estuary located at the confluence of Sai Gon and Dong Nai Rivers, which drain a megacity of 

almost 10 million inhabitants, Ho Chi Minh City. In addition, this estuary is acting as a unique 

gate for water traffic connecting Ho Chi Minh City to the South China Sea. Despite the long list 

of ecosystem services provided by the Can Gio mangrove and the increasing anthropogenic 

pressure on this zone (Kuenzer and Tuan 2013), there is a lack of published studies along this 

estuary, especially on trace metal dynamics. Some publications were interested in organic 

compounds (Minh et al. 2007, Oxmann et al. 2010), and recently accumulation of trace metal in 

sediments fringing the mangrove was studied (Costa-Boddeker et al. 2017). The only available 

data concerning trace metals distribution was reported in surface water of the Sai Gon River, 

upstream the mangrove (Strady et al. 2017a).  

Within this context, our main objectives were to determine: i) the spatio-temporal variations 

of salinity, pH, DO, total suspended solids (TSS), particulate organic carbon (POC) and dissolved 

organic carbon (DOC) along this mangrove estuary, from the downstream end of Ho Chi Minh 

City to the South China Sea; ii) the distribution and partitioning of metals between the particulate 
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and dissolved phases along the salinity gradient; iii) the potential influence of the monsoon on the 

fate of trace metals. Our main hypothesis are: i) a decrease of trace metals concentrations due to 

the dilution with marine waters and/or desorption from bearing phase resulting from increased 

oxygen content; ii) increased inputs during the monsoon caused by elevated runoff and soil 

leaching. To reach our goals, water and suspended matter samples were collected for organic 

carbon and trace metals analysis during 24 h cycling in order to take into account the whole tidal 

cycling at four sites along the estuary during two distinct seasons. 

2.2. Materials and Methods 

2.2.1. Study area 

The Can Gio mangrove is located in the south of Vietnam (10o22’14”-10o40’09”N; 

106o46’12”-107o00’59”E) and is part of the densely populated megacity of Ho Chi Minh City 

(HCMC; almost 10 million of inhabitants), 35 km downstream of the City urban center and 

industrial zones (Strady et al. 2017a, Vo 2007). This mangrove covers an area of 35,000 ha (Fig. 

2.1) and is a UNESCO biosphere reserve which can be divided into three areas according to their 

anthropogenic pressure and level of conservation (Nam et al. 2014): (i) a core zone protected for 

long term conservation of biodiversity, in which human activities are prohibited, (ii) a buffer zone 

to protect the core zone with limited human activities and (iii) a transition zone with humans 

activities like agriculture, aquaculture, fishing, salt-pan, trading and tourism. Can Gio mangrove 

is home to high biodiversity with more than 200 species of fauna (e.g. planktonic and benthic 

organism, fishes, reptiles and amphibians) and 20 species of flora, in which three mangrove species 

are dominant Avicenia alba, Rhizophora apiculata, Phoenix paludosa (Kuenzer and Tuan 2013). 

Freshwater inputs originate from the Sai Gon and Dong Nai Rivers, emptying out the South China 

Sea via the Long Tau and Soai Rap Rivers. The hydrology is affected by a semi-diurnal tidal 

regime with a tidal amplitude up to 4 meters, and by typical tropical monsoon climate, with a rainy 





   

 

33 
 

 

2.2.2. Field sampling and measurements 

Samples were collected during 24 h tidal cycles, with a sampling every 2 h, at four sites along 

the Long Tau River according to their environmental characteristics and their locations into the 

different zones of the mangrove described in the section above: site 1 (10°39'55"N - 106°47'30"E) 

characterizing the riverine and urban end-member; site 2 (10°34'19"N - 106°50'11"E) located in 

the buffer zone of the mangrove forest characterizing aquaculture activities (mainly shrimps); site 

3 (10°31'04"N - 106°53'13"E) located in  the core zone of the mangrove forest; site 4 (10°29'32"N 

- 106°56'55"E) characterizing the marine end-member (Fig. 2.1). The sampling campaigns were 

carried out during dry season (January and February, 2015) and rainy season (September and 

October, 2015).  

The physico–chemical parameters such as salinity, pH and temperature (oC) were logged 

continuously in-situ using a multi-probe (Yellow Spring Instrument® meters YSI 6920). DO was 

monitored with a HOBO Dissolved Oxygen data logger (HOBO U26-001). pH probes were pre-

calibrated using buffer solutions: 4, 7 and 10 (NIST scale) at the same day prior of sampling. 

Probes were immerged 50 cm below the air-water interface and data were recorded every at 5 min. 

At each sampling site and time, surface waters (50 cm below the air-water interface) were 

collected in duplicates using a bucket, immediately transferred into acid pre-cleaned 

polypropylene bottles (1 L) - previously rinsed with surface water. Then, a first aliquot of surface 

water was filtered through 0.2 µm PTFE OmniporeTM Membrane Filters for trace metal analysis. 

The filtrate was transferred into pre-cleaned 50 mL polypropylene, immediately acidified to pH < 

2 using concentrated suprapur® HNO3 (HNO3/ sample = 1/1000 (v/v)) for dissolved trace metals 

MD, while the filters were kept in pre-cleaned plastic petri dishes for suspended particulate trace 

metals analysis (MP). Both samples were maintained in cool box during sampling campaign and 
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stored at 4 oC in the laboratory for dissolved metal and at -18 oC for particulate metal (Strady et 

al. 2017b). Filters were then freeze dried, weighed and preserved at room temperature until 

analysis. A second aliquot of surface water was filtered in triplicates through pre-combusted (500 

°C) and pre-weighted glass fiber filters (Whatman® GF/F 0.7 µm): the filter was stored at -18 oC 

for particulate organic carbon (POC) and total suspended solid (TSS) determinations while the 

filtrate was transferred into sterile 15 mL polypropylene, acidified using concentrated suprapur® 

HCl and stored at 4 oC in fridge for dissolved organic carbon (DOC) analysis. 

2.2.3. Samples analysis  

Dissolved metals concentrations (MD) 

Dissolved Mn, Fe, Cr, Co, Ni, Cu, As and Pb concentrations were directly measured by Thermo 

Scientific iCAPQ ICP-MS using internal standard calibration (AETE-ISO platform, OSU-

OREME/Université de Montpellier), with a Kinetic Energy Discrimination – Argon Gas Dilution 

module (KED – AGD mode) (Kutscher et al. 2014). Accuracy and precision were controlled using 

certificate reference material: riverine water (SLRS6) for salinity lower than 1 and estuarine water 

(SLEW-3) for salinity higher than 1 (Table 2.1a). 

Particulate metal concentrations (MP) 

Particulate Mn, Fe, Cr, Co, Ni, Cu, As and Pb concentrations were analyzed according to a 

total extractable metal digestion adapted from the USEPA 3051a method (USEPA 2007). Filters 

were put on PTFE vessel in which 6 mL of concentrated HNO3 and 2 mL of concentrated HCl 

were added. The vessels were placed into ultrasonic bath during 15 min and were then heated at 

110 °C during 12 h in the electrical oven. After cooling, the digestions were put again in ultrasonic 

bath during 15 min, and temperature was then increased up to 160 oC during 4 h. The samples 

were cooled and filtrated to reject residue, then diluted to 25 mL with deionized water and stored 
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in pre-cleaned PP tubes at 4 °C until analysis. All reagents were of analysis grade (Merck) and 

were purified using a sub-boiling quartz distillation equipment prior digestion.  

Concentrations of Cr, Co, Ni, Cu, As and Pb were measured by ICP –MS (Agilent 7700x) 

using spiked 103Rh and 197Au as internal standard while Fe and Mn concentrations were determined 

by Flame Atomic Absorption Spectrophotometer (Shimadzu AA-6650). The analytical precision 

and accuracy were insured by analyzing certificate reference material estuarine sediments (BCR-

277R) (Table 2.1b). 

Table 2-1. Quality control of analytical methods applied for dissolved and particulate metal concentrations analysis: 

a) accuracy, precision and detection limit using estuarine water SLEW-3; b) BCR-277R for wet digestion method. 

a) Dissolved metal concentration analysis 

Element 
Detection limit  

(µg L-1) 

Certificated values 

(µg L-1) 

Measured values  

(µg L-1) 
Recovery (%) 

Relative standard deviation 

 (%) 

Cr 0.022 0.183 ± 0.019 0.0182 ± 0.020 99 11 

Mn 0.013 1.61 ± 0.22 1.469 ± 0.016 91 1 

Fe 0.031 0.568 ± 0.059 0.661 ± 0.073 116 11 

Co 0.0092 0.042 ± 0.010 0.0464 ± 0.0025 110 5 

Ni 0.011 1.23 ± 0.07 1.230 ± 0.014 100 1 

Cu 0.011 1.55 ± 0.12 1.491 ± 0.041 96 3 

As 0.0062 1.36 ± 0.09 1.569 ± 0.013 115 1 

Pb 0.003 0.009 ± 0.0014  0.0115 ± 0.0017 130 15 

 b) Particulate metal concentration analysis 

Element 
Certificated values 

(mg kg-1) 

Measured values 

(mg kg-1, n = 9) 
Recovery (%) 

Relative 

standard 

deviation (%) 

Analytical method 

As 18.3 ± 1.8 17.56 ± 0.87 96 5.0 ICP-MS 

Pb NA 28 ± 1.3 - 4.8 ICP-MS 

Co 22.5 ± 1.4 22.9 ± 0.7 102 2.8 ICP-MS 

Cr 188 ± 14 171.3 ± 5.4 91 3.2 ICP-MS 

Cu 63 ± 7 60.5 ± 1.8 96 2.9 ICP-MS 

Ni 130 ± 8 128.9 ± 3.2 99 2.5 ICP-MS 

Mn NA 835 ± 29 - 3.5 FAAS 

Fe NA 51855 ± 3146 - 6.1 FAAS 

Dissolved organic carbon (DOC) and particulate organic carbon (POC) analysis  

The DOC analysis were performed on a Shimadzu® TOC-L series analyzer employing a 680 

°C combustion catalytic oxidation method. The analyzer was combined with a solid sample 

module (SSM-5000A) heated up to 900 oC for POC measurement (Leopold et al. 2013). For both, 

40% glucose standard was used for calibrations. Repeated measurements of the standard at 

different concentrations indicated a measurement deviation < 2%. 
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2.2.4.  Data analysis 

In order to better understand the interaction of trace metals between dissolved and particulate 

phases along the salinity gradient, the partitioning coefficient (KD) was calculated. The KD provide 

a quantitative value for the partitioning of metal concentration between solution and particle. It is 

defined as the ratio of particulate metal concentration (MP) to dissolved metal concentration (MD) 

in the water column (Turner et al. 1993).  

KD = MP/ MD, where Mp is the particulate metal concentration; MD is the dissolved metal 

concentration. 

The Pearson correlation coefficient and the one-way ANOVA were performed using statistical 

package software (SPSS; version 23) to identify major relationships between metal concentrations 

and physico-chemical parameters as well as interrelations between metals together in order to 

identify the main factors controlling metal partitioning. 

2.3. Results and discussion 

2.3.1.  Spatial and seasonal variations of physico-chemical parameters 

Can Gio is a tropical mangrove-dominated estuary characterized by semi-diurnal tidal regime 

and subject to a monsoon season. All the studied parameters varied from the upstream site, at the 

edge of Ho Chi Minh City, to the downstream site, at the mouth of the estuary (Table 2.2, Fig. 

2.2). In addition, some seasonal variations were observed. Salinity, DO and DOC were affected 

by seasonal change (ANOVA, p < 0.01), whereas pH, TSS and POC were not (ANOVA, p > 0.05). 

From the upstream site to the sea, salinity varied from 0 to 25 during the rainy season and from 5 

to 25 during the dry season. The very low salinity (< 2) observed at the upstream site during the 

rainy season, whatever the tides, was attributed to intense rainfall increasing the freshwater inflow 

and limiting the saline intrusion. The pH values varied from 6.8 to 7.8 during the dry season and 

from 6.4 to 7.5 during the rainy season, and were positively correlated to salinity (r = 0.96 and 
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0.97 during the dry and the rainy season, respectively). DO ranged from 3.5 to 7.0 mgO2 L
-1 and 

from 1.2 to 5.3 mgO2 L
-1 during the dry and the rainy seasons respectively, also increasing with 

salinity (r = 0.86 and 0.94 for the dry and the rainy season, respectively). Both pH and DO reflected 

the mixing of fresh and sea waters (Fig. 2.2). The acidic pH values measured at the upstream site 

during the monsoon are likely related to the contribution of the Sai Gon River, which is 

characterized by low pH, down to 5.7 (Strady et al. 2017a), possibly due to the leaching of the 

surrounding acidic sulfate soils (Nguyen et al. 2011), but also to the decay processes of organic 

inputs. The latter may also be responsible for the drastic decrease of DO values measured at this 

site, down to 1.2 mgO2 L-1. These organic inputs may originate from domestic and urban 

discharges of Ho Chi Minh City urban center and also from the industrial areas located along the 

Sai Gon and Dong Nai Rivers.  

The POC concentrations decreased along the salinity gradient but not linearly, from 3.8% to 

1.3%, and from 5.0% to 1.7% during dry and rainy seasons, respectively. Those patterns suggest 

that POC distributions resulted both from the dilution by seawater and from the decomposition 

processes occurring during its transit in the estuary (Fig. 2.2). Decreasing POC concentrations 

have also been observed in most estuaries like in temperate European estuaries (Abril et al. 2002, 

Etcheber et al. 2007) or tropical estuaries like in the Mandovi Estuary (Shynu et al. 2015). At the 

upstream site, DOC concentrations ranged from 1.22 mgC L-1 to 5.89 mgC L-1 during the rainy 

season and could be related to intense inputs from the city and industrial zones (Strady et al. 

2017a). Along the salinity gradient, DOC concentrations varied from 1.64 mgC L-1 to 3.54 mgC 

L-1 and were stable during the rainy season. However, during the dry season, DOC values slightly 

increased in the downstream part of the estuary, which might be the result of intense carbon 



   

 

38 
 

degradation processes in well oxygenated waters (Ni et al. 2008), and possible inputs from the 

adjacent mangrove forest (Dittmar and Lara 2001). 

Table 2-2. Bi-hourly water level (m), salinity, pH, DO (mgO2 L-1), DOC (mgC L-1), POC (%) and TSS (mg L-1) 

measured at the four sampling sites (site 1, site 2, site 3, site 4) during the dry and the wet seasons. 

Site Label 

Dry season Wet season 

Water 

level 

m 

Sal pH 
DO 

mgO2 L-1 

DOC 

mgC L-1 

POC 

% 

TSS 

mg L-1 

Water 

level 

m 

Sal pH 
DO 

mgO2 L-1 

DOC 

mgC L-1 

POC 

% 

TSS mg 

L-1 

S1 h0 12.8 8.84 6.87 3.89 2.8 3.76 16.6 11 0.55 6.57 1.84 2.36 5.05 44.53 

S1 h2 13.6 7.4 6.81 3.47 3.25 3.84 17.23 10.6 0.2 6.55 1.21 3.88 5.04 45.66 

S1 h4 14.6 7.92 6.93 4.07 3.18 3.4 18.96 10.8 0.3 6.55 1.32 5.89 4.35 58.46 

S1 h6 16.2 10.68 7.09 4.62 2.94 2.6 29.03 11.3 0.64 6.59 1.8 NA 3.94 62.23 

S1 h8 15.1 12.56 7.17 4.15 2.92 2.95 21.53 11.9 1.92 6.68 2.33 3.42 2.92 136.76 

S1 h10 14.2 11.01 7.1 4.1 3.33 2.41 33.46 12.2 3.19 6.75 2.57 2.52 4.96 22.8 

S1 h12 13.1 10.05 7.09 3.52 2.92 2.73 25.1 12 0.91 6.62 1.72 2.04 4.73 34.00 

S1 h14 12.9 9.77 7.04 3.6 3.59 2.39 60.26 11.8 0.75 6.6 1.59 3.18 4.00 42.53 

S1 h16 12.4 8.15 6.97 4.17 3.35 2.7 43.06 11.9 0.69 6.6 1.64 2.42 4.04 42.96 

S1 h18 13.6 8.44 7 4.65 2.54 2.98 22.96 12.1 0.84 6.61 1.77 1.22 4.36 32.9 

S1 h20 15.3 10.19 6.99 4.04 3.12 3.12 27.53 11.8 0.83 6.64 2.26 2.44 4.45 37.7 

S1 h22 15.3 11.43 6.84 4.65 3.88 2.52 42.56 11.5 0.85 6.66 2.3 1.97 4.74 33.36 

S1 h24 13.5 9.17 6.87 4.08 3.83 3.61 15.96 11 0.57 6.63 2.12 1.41 4.26 47.23 

S2 h0 11.7 21.33 7.32 4.98 4.41 1.98 198.26 10.8 17.76 7.59 4.6 2.35 2.78 53.00 

S2 h2 10.8 21.71 7.43 4.93 2.47 1.94 139.43 10.6 16.7 7.37 4.28 1.96 2.31 75.96 

S2 h4 9.3 21.32 7.4 4.89 4.32 1.62 168.66 8 15.06 7.42 4.27 1.94 1.93 236.26 

S2 h6 9.4 20.22 7.39 4.96 2.3 2.02 151.16 7.3 11.78 7.24 3.88 1.99 1.99 178.33 

S2 h8 10.5 20.17 7.38 4.87 2.62 1.28 70 8.2 6.49 7.01 3.16 2.12 2.64 50.76 

S2 h10 11.1 21.56 7.42 4.84 2.39 1.31 61.53 10.8 8.78 7.28 3.93 2.3 2.01 178.63 

S2 h12 11.1 22.67 7.45 4.8 4.11 NA 147.9 13.3 16.28 7.46 4.07 1.64 1.67 266.8 

S2 h14 9.7 21.69 7.36 4.87 4.02 NA 108.96 13.6 17.07 7.49 4.12 1.86 2.03 82.56 

S2 h16 8.2 20.9 7.38 4.85 4.72 NA 206.6 8.6 15.97 7.39 4.05 1.89 2.29 190.7 

S2 h18 7.5 18.8 7.33 4.85 3.62 NA 361.16 7.6 14.88 7.38 3.94 2.82 2.11 283.06 

S2 h20 8.1 13.89 7.19 4.52 2.8 NA 93.96 7.3 10.31 7.17 3.51 3.54 2.22 80.23 

S2 h22 10.3 17.55 7.3 4.75 3.19 NA 55.13 9.8 10.92 7.26 3.98 2.38 2.62 67.36 

S2 h24 10.8 21.17 7.38 4.83 3.13 NA 281.33 10.5 15.82 7.43 3.93 2.03 2.25 170.23 

S3 h0 NA NA NA NA NA NA NA 11.8 15.86 7.43 3.58 2.09 2.65 30.76 

S3 h2 12.6 NA NA 4.93 3.77 1.66 77.8 11.2 14.71 7.35 3.25 2.07 2.47 51.16 

S3 h4 12.7 NA NA 5.13 2.22 1.7 167 11.4 13.47 7.29 3.11 2.01 2.51 48.26 

S3 h6 12.8 NA NA 5.36 2.3 1.49 73.8 12.3 13.47 7.31 3.34 2.24 2.92 33.3 

S3 h8 11.7 NA NA 5.55 2.54 1.51 44.66 12.9 17.05 7.45 3.61 1.78 2.46 38.8 

S3 h10 NA NA NA NA NA NA NA 13.3 18.93 7.56 3.8 2.41 2.92 43.83 

S3 h12 10.3 NA NA 4.99 2.77 1.57 107.46 13.1 20.18 7.66 4.73 2.04 2.9 36.53 

S3 h14 10.6 NA NA 4.91 2.36 1.77 52.46 12.9 16.48 7.48 4.17 1.82 3.51 31.5 

S3 h16 12.4 NA NA 4.98 3.94 1.29 53.9 12.7 16.68 7.47 3.79 2.39 2.65 33.23 

S3 h18 12.7 NA NA 5.11 2.82 1.53 54.96 12.6 16.98 7.48 3.58 2 2.86 36.86 

S3 h20 11.3 NA NA 5.17 3.1 1.48 39.7 13.1 16.9 7.48 3.72 2.08 2.92 24.56 

S3 h24 10.6 NA NA 5.22 2.79 1.5 66.8 12.9 17.21 7.5 3.88 2.14 2.78 24.5 

S4 h0 12.6 26.06 7.75 6.82 3.66 1.66 73.56 12.6 16.52 7.5 4.2 2.21 3.06 23.23 

S4 h2 12.3 26.1 7.81 7.01 4.48 1.58 45.43 12.3 18.93 7.39 3.86 2.2 2.22 41.96 

S4 h4 12.1 25.91 7.81 6.85 3.64 1.26 42.3 13.5 23.01 7.59 4.52 1.66 1.85 62.36 

S4 h6 12 24.17 7.73 6.49 3.64 1.58 40.66 14 25.61 7.7 5.27 3.19 1.87 50.06 

S4 h8 12.6 25.24 7.76 6.65 4.32 2.09 34.83 12.3 22.92 7.59 4.97 2.32 1.82 60.73 

S4 h10 13 25.78 7.79 6.75 4.16 2.9 34.83 12.4 21.43 7.48 4.29 2.24 1.83 89.66 

S4 h12 12.5 25.56 7.77 6.61 4.84 2.37 28.66 14.1 20.09 7.44 4.09 1.89 1.84 42.8 

S4 h14 11.3 23.63 7.69 6.24 3.28 1.77 78.73 14.5 23.09 7.57 4.51 1.91 2.02 51.06 

S4 h16 11 22.78 7.64 5.97 3.92 2.33 121.86 13.8 24.09 7.63 4.63 2.71 2.18 48.43 

S4 h18 11.4 20.98 7.58 5.84 4.44 2.38 50.63 13.1 23.74 7.59 4.83 2.35 2.09 46.46 

S4 h20 11.9 23.59 7.64 5.99 4.46 1.97 93.93 11.7 21.92 7.52 4.53 3.46 2 120.93 

S4 h22 12.8 25.97 7.75 6.57 3.79 1.85 98.8 11.4 19.44 7.41 4.37 2.78 2.09 102.76 

S4 h24 13.1 25.82 7.76 6.6 3.8 1.89 54.33 12 18.01 7.38 3.95 3.14 2.42 39.73 

The TSS concentrations varied from 16 to 361 mg L-1 and 23 to 283 mg L-1 during the dry and 

the rainy season, respectively, and did not present any conclusive distribution along the salinity 
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To summarize, the spatial and seasonal variations of the physico-chemical properties reflected 

well the mixing of the fresh and the sea waters in the estuary. The characteristics of the upstream 

site during the monsoon are those of the Saigon River: salinity almost null, acidic pH values, low 

DO concentrations, and high POC and DOC contents. We suggest that this site can be considered 

as the river end-member during this season. During the dry season, the characteristics of site 1 

were estuarine ones, with a mix between fresh and sea waters, and thus cannot allow us to 

determine inputs in the estuary at this season. Concerning the downstream site, it exhibited similar 

salinity, pH and DO ranges during both seasons and was thus considered as the seawater end 

member of the studied system.  

2.3.2. Trace metal distributions at the upstream site during the monsoon 

The characteristics of the upstream site during the monsoon being those of the river end-

member, and not those of estuarine waters, we choose to discuss them separately from the other 

data in order to evidence riverine trace metals inputs in the Can Gio Estuary. The dissolved 

concentrations measured during this period were (µg L-1): MnD, 3.4 – 37; FeD, 2.4 – 18; CuD, 0.2 

– 1.5; PbD, 0.15 – 2.1; NiD, 0.3 – 1.37; AsD, 0.09 – 1.4; CrD, 0.053 – 0.26  and CoD, 0.01 – 0.5 (Fig. 

2.4; supplementary data 2.1) while the particulate concentrations were (mg kg-1): Fep, 42,959 – 

55,238; Mnp, 306 – 822; Crp, 73 – 131; Nip, 57 – 93;  Cup, 43 – 76; Pbp, 18 – 27; Cop, 10 – 19 and 

Asp, 9 – 14 (Fig. 2.4; supplementary data 2.1). Both dissolved and particulate concentrations were 

in the same range as previously measured in the Sai Gon River (Nguyen et al. 2011, Strady et al. 

2017a) and were in the low range of World River average concentrations (Gaillardet et al. 2014, 

Viers et al. 2009). We noticed that the higher dissolved and particulate concentrations were 

measured during the ebb tide, namely during riverine water flowing, attesting their inputs from 

urban and anthropogenic sources (Strady et al. 2017a). Elevated Crp, Cup and Nip concentrations 

coincided with high POC values, as previously observed by Strady et al. (2017a) suggesting that 



   

 

41 
 

organic matter might be an important factor affecting those metal distributions. The decrease and 

variation of Crp, Cup and Nip concentrations, at the riverine part and the beginning of estuary (Fig. 

2.4c, 2.4e and 2.4f), may be thus related to the organic matter degradation. 

3.3. Relationship between TSS and total trace metal concentrations  

To assess the control of TSS concentrations on metal transfer in the Can Gio Estuary, the total 

metal concentrations in a volume of water (i.e. the particulate concentrations, expressed in µg L-1
, 

plus dissolved concentrations) were calculated (Strady et al. 2017b, Wang et al. 2016) and 

expressed in µg L-1 (Fig. 2.3). All total metal concentrations increased with increasing TSS 

concentrations along the estuary (r > 0.95, p < 0.01 for all metals during the dry season, and r > 

0.9 for Mn, Fe, Cr, Ni and Pb; r = 0.80 for Co; r = 0.75 for Cu and r = 0.46 for As; p < 0.01 during 

the rainy season) supporting the fact that the total metal concentrations transfer in the Can Gio 

Estuary is controlled by the change of TSS concentrations whatever the season, like in the Mekong 

Delta, Vietnam (Strady et al. 2017b), in the Huanghe River Estuary, China (Wang et al. 2016) or 

in the Changjiang River Estuary, China (Yang et al. 2014). However, for a given TSS 

concentration, total concentrations in Fe, Cr, Ni and Pb were higher during the monsoon than the 

dry season (Fig. 2.3) suggesting enhanced metal transport from land to sea during the monsoon. 

The particulate phase was the dominant one for Fe, Cr and Co, representing more than 99% of the 

total for Fe, 75 to 99% for Cr and 70 to 98% for Co, while the percentage of Nip, Cup, Asp, Pbp and 

Mnp varied from 22 to 91%, 28 to 95%, 13 to 94%, 24 to 99% and 29 to 99%, respectively. This 

result suggests different partitioning between particulate and dissolved metal phases during their 

transit along the Can Gio mangrove Estuary. 
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(Marchand et al. 2006b, Miola et al. 2016, Noël et al. 2014). The FeD varied between 1.01 to 3.3 

µg L-1 during the dry season and 1.6 to 5.0 µg L-1 during the rainy season. Along the salinity 

gradient, FeD showed a non-conservative behavior with additive concentrations at mid salinity (site 

2 and 3) (Fig. 2.4a, supplementary data 2.1 and 2.2). During the dry season at site 2, these higher 

concentrations might be attributed first to the contribution of the pore-water inputs from mangrove 

sediments, as observed in mangrove estuaries like in Australia (Santos et al. 2011). These authors 

reported extremely high dissolved iron concentration up to 374 mg L-1
 in pore-water. They also 

evidenced that iron in surface water originated from mangrove soils by pore-water discharge, using 

radio-isotopes (Radon, 222Rn). In fact, mangrove soils can be rich in dissolved iron as described in 

the Pai Matos mangrove system, Brazil (Otero et al. 2009) or in the French Guiana mangrove 

(Marchand et al. 2006b). This richness result from the alternation of different redox processes, 

notably iron oxide reduction and iron sulphide oxidation, leading both to the release of dissolved 

iron in pore-waters, which can thus be exported to adjacent ecosystems through pore-water 

seepage (Deborde et al. 2015, Sanders et al. 2015). Secondly, we assumed that irregular inputs 

from the shrimp farms might also be a  source of dissolved iron concentration to the water column 

as observed in the Estuaries of East-Hainan, China (Fu et al. 2013). The FeD concentrations were 

influenced by pH changes, associated to the cultivation cycles (Azevedo et al. 2009), reaching 

approximately 2 mg L-1 in ponds on acid sulfate soils (Jayasinghe et al. 2010). Unfortunately, we 

were not able to determine the FeD concentrations at site 3 during the dry season, which was only 

surrounded by mangrove forest. During the rainy season, scattered FeD were also measured at site 

2 and at site 3 at both ebb and flood tides, which may be related to pore-water releases from 

mangrove sediments, aquaculture ponds or runoff from the surrounding watershed. Along the Can 

Gio mangrove Estuary, log KD
Fe was stable whatever the season, ranging from 6.1 to 7.6 (Fig. 
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2.4a). The absences of significant correlations between log KD
Fe and salinity, pH, DO, DOC, POC 

or TSS do not allow us to better characterize Fe partitioning along this mangrove estuary. 

2.3.3.2 Manganese 

Mnp ranged from 402 to 1,055 mg kg-1 during the dry season and from 397 to 922 mg kg-1 

during the monsoon along the salinity gradient (Fig. 2.4b), showing an absence of seasonal effect. 

These values were in the same range than those measured at the upstream site during the rainy 

season, and in tropical estuaries like the Tanshui Estuary, Northern Taiwan (Fang and Lin 2002). 

The high Mnp fluctuations and its absence of conclusive distribution along the salinity gradient 

indicated that the Mnp distribution in the Can Gio Estuary was not dominated by a simple mixing 

of the two end members, and might be influenced by biogeochemical processes. The MnD varied 

between 15.2 to 0.93 µg L-1 and 12.5 to 0.98 µg L-1
 during the dry and the rainy season, respectively 

(Fig. 2.4b, supplementary data 2.1 and 2.2). Additionally, it decreased along the salinity gradient 

exhibiting a non-conservative subtractive behavior whatever the season. Both in laboratory 

experiments (Hatje et al. 2003) and in the field (Fang and Lin 2002), it was observed that DO 

increase can result in MnD adsorption onto particles surface by the oxidation of dissolved Mn (II) 

to insoluble Mn (III) and Mn (IV) (hydr)-oxides. Log KD
Mn increased from 4.0 to 5.8 along the 

salinity gradient whatever the seasons (Fig. 2.4b) exhibiting good correlation with both DO and 

pH (Fig. 2.5a and 2.5b), suggesting that Mn partitioning is probably affected by the change of 

oxygenation in the estuary. During the dry season, higher MnD were measured at site 2, similarly 

to FeD, and could also originate from mangrove sediment pore-waters (Holloway et al. 2016, 

Sanders et al. 2015) or shrimp ponds effluents (Inoue and Asano 2013). During the rainy season, 

MnD presented scattered values at flood tide that might be related to runoff inputs of the adjacent 

watershed. Consequently, Mn dynamic along the estuary was strongly influenced by geochemical 

processes, mainly Mn precipitation resulting from oxygenation and pH changes with water mixing. 





   

 

46 
 

2.3.3.3 Chromium 

The CrP ranged from 25 to 79 mg kg-1 during the dry season and from 57 to 94 mg kg-1 during 

the rainy season (Supplementary data 2.1 and 2.2), showing seasonal variations and decreasing 

concentrations along the salinity gradient (Fig. 2.4c). The Crp in the estuarine zone were slightly 

lower than in the riverine part (upstream site during the rainy season), while the Crp at the seaside 

of the estuary were close to the Crp reported in the coastal area of South China Sea (Cenci and 

Martin 2004). Therefore, the Crp concentrations decrease along the salinity gradient might be 

attributed to both dilution with seawater containing low Crp and to its desorption processes during 

organic matter degradation in the estuary, Cr having a strong affinity for organic matter 

(Masscheleyn et al. 1992). We observed that later process may play an important role on Crp 

distribution during the rainy season (i.e. a positive correlation observed between Crp and POC, r = 

0.71) and a minor role during the dry season (r = 0.53), affecting also Cr partitioning (Fig. 2.5c). 

The CrD showed distinct behaviors along the salinity gradient between seasons: i) conservative 

distribution with gradually CrD increase seaward during the dry season, and ii) non-conservative 

with a gain of CrD at mid salinity during the rainy season (Fig. 2.4c, supplementary data 1 and 2). 

Scattered and higher CrD at site 2 and site 3 observed during the monsoon might be originated 

from the same sources as FeD (positive correlation between CrD and FeD; Fig. 2.5f), i.e. mangrove 

sediment pore-water releases (Szymczycha et al. 2016), runoff and/or shrimp pond effluents 

inputs. Along the estuary, Log KD
Cr

 decreased from 6.2 to 5.2 and presented a low variation range. 

The combination of CrD increase, Log KD
Cr

 decrease from the upstream site to the seaside and the 

positive correlation between Log KD
Cr

 and POC (Fig. 2.4c and Fig 2.5d) confirm the Cr desorption 

from particulate organic matter during the water transit in the estuary. We suggest that the 

oxidation level may also influence Cr partitioning as evidenced by the negative correlation 

observed between Log KD
Cr

 and DO (Fig. 2.5e). Thus, Cr partitioning in the Can Gio mangrove 
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Estuary was controlled by physical mixing and also biochemical processes, notably OM 

decomposition and increased oxygenation along the estuary.  

2.3.3.4 Arsenic 

The Asp varied from 6.4 to 13.8 mg kg-1 during the rainy season, and from 3.9 to 11.5 mg kg-1 

during the dry season. Values were stable along the salinity gradient during the rainy season and 

presented a drop of concentrations at site 4 during the dry season (Fig. 2.4d). The concentrations 

at the seaside during the dry season were in the same range than those measured in the coastal zone 

of South China Sea (Cenci and Martin 2004) and in the Bohai Sea (Wang et al. 2016). The AsP 

distribution in the Can Gio mangrove Estuary reflected thus the water mixing between the river 

and the sea end-members but also biogeochemical processes. Along the estuary, AsP exhibited a 

strong correlation to FeP (r > 0.8, for both seasons, Fig. 2.5g) implying that Fep was the main carrier 

phase of As (Strady et al. 2017a) and an important factor controlling Asp distribution in the estuary. 

Both metals probably had a terrigenous origin (Cances et al. 2005, Oursel et al. 2014). Actually in 

Vietnam, many soils are naturally enriched in As, which is a public health problem for the local 

populations (Gustafsson and Tin 1994, Nguyen et al. 2016, Phuong et al. 2010). Along the estuary, 

AsD concentrations increased from 0.5 to 0.95 during the dry season and from 0.15 to 0.65 µg L-1 

during the rainy season, which might be caused by dilution with sea water i.e. 1.5 µg L-1 of AsD in 

the Bohai Sea (Wang et al. 2016) and probably by AsD release during degradation of organoarsenic 

compounds from particulate phase (i.e. negative correlations were observed between AsD and 

POC, r = 0.64). This hypothesis is supported by the LogKD
As decrease along the salinity gradient, 

especially from mid salinity (Fig. 2.4d) and by positively correlations between LogKD
As and POC 

(Fig. 2.5h). In previous studies, some authors noticed that dissolved organic carbon plays an 

important role of As partitioning between dissolved and particulate phase because it can strongly 

interact with As species (Bauer and Blodau 2006, Liu and Cai 2010, Yanan et al. 2017). In the Can 
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Gio mangrove estuary, however, we observed the correlation coefficients between AsD 

concentrations and DOC being low during the dry season (r < 0.4) and very low during the rainy 

season (p > 0.05). As a consequence, we suggest that the As-DOC complexation may occur as a 

minor processes and possibly causing logKD
As decrease along the estuary. The AsD distributions 

presented conservative to non-conservative behavior with slightly subtractive concentrations at 

mid salinity during both seasons (Fig. 2.4d), which might be caused by the AsD adsorption onto 

particle phase containing rich (hydr)oxide Fep (Lenoble et al. 2013). We also noticed low LogKD
As 

values at the upstream site during the ebb tide, which could be related to the Sai Gon River inputs 

containing high AsD. In conclusion, As partitioning in the Can Gio Estuary was affected by both 

physical and biogeochemical processes, mainly organic matter decomposition. 

2.3.3.5 Copper 

During both seasons, CuP varied between 13 to 33 mg kg-1 (Fig. 2.4e, supplementary data 2.1 

and 2.2) and presented stable values in the estuarine part (5 to 25 salinity), as observed in the East 

Hainan, China (Fu et al. 2013) and in the Pearl River Estuary, South China (Zhang et al. 2013). A 

drop of CuP was observed between the riverine part (e.g. 43 – 77 mg kg-1, upstream site during the 

rainy season) and the beginning of the estuary. This loss of Cup at the fresh water - estuary interface 

could be related to intense organic matter degradation processes leading to desorption reaction due 

to the decomposition of organo-copper complexes; the urban water was characterized by both high 

POC and Cup. The higher logKD
Cu at the upstream site during the monsoon (Fig. 2.4e) confirmed 

those hypothesis. The CuD varied from 0.5 to 0.9 and 0.3 to 1.8 µg L-1 during the dry season and 

the monsoon, respectively, with a high variation range and no clear evolution along the salinity 

gradient. However, punctual elevated CuD at site 2 and site 3 were measured during the monsoon 

(Fig. 2.4e) and were positively correlated to FeD (r = 0.73, Fig. 2.5i) possibly suggesting the same 

sources as for Fe: inputs from adjacent ecosystems. However, these punctual CuD inputs did not 
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seem to affect the Cu partitioning, as evidenced by the stable logKD
Cu along the estuary (Fig. 2.4e). 

These results suggest the biogeochemical processes might be minor factors influencing the Cu 

partitioning in this environment.  

2.3.3.6 Nickel 

The Nip distribution along the salinity gradient differed between seasons. During the rainy 

season, Nip varied from 61 to 38 mg kg-1, with stable concentrations in the estuarine part, which 

were approximately 2–fold lower than in the riverine part (Fig. 2.4f, supplementary data 2.1). At 

the river end-member, high Nip were suggested to be related to the high POC concentrations. Like 

for Cu, the decrease of Nip at the river-estuary interface may result from Nip desorption due to 

organic matter degradation. The NiD, varied from 0.3 to 1.8 µg L-1 along the estuary with scattered 

concentrations. The absences of correlations between NiD and physico-chemical parameters or 

TSS or other metals do not allow us to identify the origin of scattered NiD concentrations. Log 

KD
Ni was stable along the salinity gradient, except a slight decrease at the river-estuary interface 

(Fig. 2.4f), inferring that Ni was poorly reactive in the Can Gio mangrove Estuary during the rainy 

season. During the dry season, Nip slightly decreased along the salinity gradient and dramatically 

dropped to minimum values at the mouth of the estuary, from 45.6 mg kg-1 to 14.4 mg kg-1 (Fig. 

2.4f, supplementary data 2.1). This phenomena might be induced by the marine dilution, the 

coastal area of South China Sea containing low Nip, 12 mg kg-1 (Cenci and Martin 2004). The 

decrease of Nip caused by sea water dilution was previously observed in the Tanshui Estuary, 

Northern Taiwan (Fang and Lin 2002) and in the East Hainan, China (Fu et al. 2013). The gradual 

NiD decrease during the dry season (1.81 µg L-1 to 0.93 µg L-1) from site 1 to site 4 could be also 

related to sea water dilution, NiD were lower than 0.3 µg L-1 in the coastal area of South China Sea 

(Cenci and Martin 2004). This decrease can also be related to co-precipitation of NiD and MnD 

onto solid phase (i.e. a positive correlation between NiD and MnD, r = 0.88, Fig. 2.5j), like 
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2.3.3.7 Cobalt and lead 

Because of their similar distributions in dissolved, particulate concentrations and partitions 

along the studied estuary, Co and Pb concentrations are presented and discussed together. The Pbp 

presented scattered values close to 21 mg kg-1 and 15 mg kg-1 during the monsoon and the dry 

season respectively, while Cop were varied around 13 mg kg-1 for both seasons (Fig. 2.4g and 2.4h, 

supplementary data 2.1 and 2.2). Those scattered concentrations were often observed in tropical 

estuaries, like in the Wenchang/Wenjiao River Estuary, East-Hainan, China (Fu et al. 2013) and 

in the Changjiang Estuary, Eastern China (Wang and Liu 2003). The physico-chemical parameters 

had a limited effect to Cop and Pbp distributions (e.g. no significant correlation with pH, DO or 

POC), implying that biogeochemical processes have a restricted control on the Co and Pb 

distribution in the estuary. The CoD presented baseline concentration close to 0.05 µg L-1 during 

both seasons whereas the PbD were closed to 0.3 µg L-1 and 0.03 µg L-1 and the dry season, 

respectively, exhibiting a seasonal effect. The higher measured PbD during the rainy season might 

be attributed to intense leaching from mangrove soil (Defew et al. 2005) and/or to Pb enrichment 

by atmospheric deposition (Hien et al. 1997, Hien et al. 1999). Along the salinity gradient, both 

CoD and PbD showed non-conservative additive behaviors (Fig. 2.4g and 2.4h), as previously 

observed in the Mekong delta (Cenci and Martin 2004) and in the Changjiang Estuary, Eastern 

China (Wang and Liu 2003). Scattered CoD and PbD concentrations were observed at site 2 and 

site 3 during both flood and ebb tides in the rainy season that suggested similar sources between 

those metals and FeD (significant correlations with FeD: r = 0.56 for CoD and r = 0.77 for PbD, Fig. 

2.5k and 2.5l). In the Southern Baltic Sea, a significant pore-water discharge along the coastal area 

was reported to be a source of dissolved Co and Pb (Szymczycha et al. 2016). Log KD
Co and Log 

KD
Pb were stable and scattered along the estuary during both seasons but not correlated to any 

physico-chemical parameters, suggesting a poor reactivity (Fig. 2.4g and 2.4h). The scattered Log 
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KD
Co and Log KD

Pb evidenced thus that the contribution of extra sources played an important role 

in Co and Pb distributions in the Can Gio Estuary. 

2.4. Conclusions 

The Can Gio mangrove Estuary is a dynamic environment at the edge between the biggest City 

in Vietnam and the South China Sea. The water delivered to the estuary during the rainy season 

was acidic, almost anoxic, and rich in organic matter and in trace metals, evidencing strong 

anthropogenic pressure on the ecosystem. We suggest that during the monsoon season, heavy 

rainfall induced increased runoff and soil leaching, resulting in enhanced trace metal inputs to the 

estuary, both in particulate and dissolved phases. However, as soon as the trace metals enter the 

estuary, their distribution and partitioning changed due to the physical mixing with seawater and/or 

biogeochemical processes. The first parameter controlling metal dynamics and transport from Ho 

Chi Minh City to the South China Sea was the concentration of suspended solids, which can vary 

as a function of tide and season. Strong correlations were measured between total trace metal 

concentrations and TSS, whatever the element, but they did not explain the whole variability of 

trace metal dynamics along the estuary. Organic matter played also a key role on these dynamics. 

First, we suggest that the elevated inputs of Cup, Nip and Crp were related to the high POC 

concentrations at the upstream site during the monsoon season. Then, OM decomposition along 

the estuary resulted in metal release in the dissolved phase, with increasing concentrations with 

the salinity gradient, specifically for As and Cr. Conversely, concentrations of other dissolved 

elements decreased along the salinity gradient, either due to water mass mixing, or geochemical 

processes, which was the case for Mn. Fe, Co and Pb which were poorly reactive during their 

transit, as evidenced by the absence of any specific correlation between their log KD and the 

physico-chemical parameters studied. For the latter metals, water mass mixing was suggested to 

be the main factor driving their distribution along this mangrove Estuary. Regarding the potential 
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impacts of extra sources on metal partitioning like: i) pore-waters flushed out from mangrove soils 

at low tide, ii) runoff from adjacent soils, or iii) shrimp pond effluents, a further detailed 

investigation should be carried out at sites without freshwater discharge to get a better assessment 

of their role in trace metals dynamic along the estuary. Furthermore, trace metal geochemistry 

should be studied in the whole ecosystem (e.g. mangrove soils, trees, animals) and not only in the 

water column, to understand their potentially bioavailability and ecologically risks. 
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Table 2-3. Supplementary data 2.1: Original data of dissolved and particulate metal concentrations during the wet 

season (expressed in µg L-1 and mg kg-1, respectively): S1 to S4 showed sampling sites; h0 to h24 are the hours of 

the 24 h tidal cycling, with a sampling every 2 h. 

Site Label 
Mn  

µg L-1 

Fe  

µg L-1 

Cr  

µg L-1 

Co  

µg L-1 

Ni  

µg L-1 

Cu  

µg L-1 

As  

µg L-1 

Pb  

µg L-1 

Mn 

mg kg-1 

Fe 

 mg kg-1 

Cr  

mg kg-1 

Co  

mg kg-1 

Ni  

mg kg-1 

Cu  

mg kg-1 

As  

mg kg-1 

Pb  

mg kg-1 

S1 h0 25.2 18.2 0.26 0.12 1.37 1.54 0.36 2.08 436 55237 127.6 13.5 84.1 65.8 12.2 22.5 

S1 h2 NA NA 0.09 0.06 0.56 0.42 0.14 0.46 423 51945 106.3 13.2 82.1 63.9 11.7 23.2 

S1 h4 NA NA 0.09 0.07 0.57 0.48 0.20 0.16 437 53710 105.9 14.4 89.0 76.6 13.8 25.2 

S1 h6 18.3 6.50 0.08 0.11 0.88 0.50 0.22 0.29 541 53856 112.0 14.1 74.8 54.2 12.4 22.0 

S1 h8 7.92 2.40 0.05 0.03 0.68 0.32 0.11 0.20 822 42951 91.4 16.8 57.3 43.2 12.8 20.0 

S1 h10 3.47 2.39 0.06 0.01 0.34 0.27 0.09 0.18 383 44242 72.9 10.5 58.7 47.1 9.5 21.2 

S1 h12 27.4 5.82 0.10 0.11 0.93 0.68 0.44 0.41 320 48526 82.5 11.4 73.4 53.0 10.9 20.9 

S1 h14 37.5 15.8 0.18 0.16 1.22 1.08 0.46 1.40 404 54572 131.1 14.6 92.8 72.3 12.7 19.6 

S1 h16 7.92 2.51 0.08 0.04 0.32 0.26 0.13 0.17 380 48062 95.9 11.4 74.0 57.2 10.9 26.5 

S1 h18 16.4 3.54 0.10 0.06 0.57 0.36 0.16 0.18 346 53245 108.8 11.3 78.0 54.7 11.1 18.7 

S1 h20 10.4 7.30 0.10 0.50 0.49 0.40 1.39 0.36 306 54602 126.9 12.6 91.4 63.3 12.8 23.5 

S1 h22 26.4 5.35 0.11 0.42 0.88 0.63 1.22 0.19 319 52784 117.4 11.5 82.0 57.2 12.0 17.9 

S2 h0 2.61 29.6 0.40 NA 1.88 1.42 NA 2.07 744 48120 93.6 18.1 52.3 22.4 12.3 26.2 

S2 h2 12.6 5.57 0.12 0.11 0.93 0.35 0.27 0.30 690 45778 84.1 14.8 48.5 22.3 11.2 23.2 

S2 h4 10.6 30.3 0.45 NA 1.58 1.23 NA 1.62 839 52234 82.5 17.9 49.0 20.5 12.6 24.3 

S2 h6 6.03 27.8 0.34 0.33 1.14 1.09 0.62 2.61 909 55301 90.6 19.6 57.8 23.5 13.1 26.3 

S2 h8 5.25 5.43 0.12 0.06 1.04 0.58 0.25 0.60 836 52821 92.2 18.2 55.1 27.8 11.0 28.1 

S2 h10 3.35 4.85 0.13 0.25 1.45 0.56 1.15 0.16 922 53590 80.5 18.3 49.0 20.6 13.2 18.6 

S2 h12 1.13 22.7 0.25 0.30 1.25 0.86 0.50 1.80 838 53328 82.6 18.3 49.6 20.6 12.6 21.3 

S2 h14 1.05 11.9 0.21 0.11 0.93 0.66 0.34 1.23 743 49753 71.9 16.3 41.0 18.0 11.0 24.1 

S2 h16 4.07 4.60 0.10 0.07 0.81 0.34 0.33 0.25 841 51957 79.8 16.7 44.5 18.0 11.4 23.3 

S2 h18 1.58 6.27 0.10 0.06 0.60 0.45 0.23 0.35 906 54629 90.8 17.4 50.4 20.1 12.2 27.0 

S2 h20 7.74 16.1 0.23 NA 1.24 0.69 NA 0.60 824 49309 77.4 17.2 47.4 21.2 10.6 27.8 

S2 h22 2.11 4.66 0.13 0.09 1.20 0.55 0.41 0.31 812 50294 76.5 16.4 44.4 18.2 10.8 22.9 

S2 h24 1.83 13.9 0.30 0.20 1.14 0.80 0.38 1.07 806 49549 82.4 15.3 42.1 17.0 10.4 22.6 

S3 h0 2.07 14.2 0.24 0.08 1.10 0.89 0.35 1.22 513 42993 73.7 15.1 50.6 20.3 8.82 23.0 

S3 h2 1.41 7.69 0.13 0.19 0.80 0.83 0.28 0.47 717 50862 78.2 18.4 57.4 20.7 11.6 24.0 

S3 h4 2.55 7.99 0.19 0.09 1.17 0.65 0.34 0.61 755 51016 79.0 18.4 61.1 20.6 11.3 24.6 

S3 h6 3.30 2.61 0.11 0.05 1.27 0.52 0.37 0.13 559 43635 75.3 15.6 54.0 20.5 9.31 21.2 

S3 h8 2.09 16.8 0.29 0.07 1.26 0.82 0.42 0.89 671 45396 78.6 16.8 60.8 19.9 9.89 23.5 

S3 h10 2.23 24.2 0.29 0.27 1.17 1.86 0.81 2.06 551 44237 69.1 14.4 45.7 16.8 9.16 21.8 

S3 h12 5.52 12.5 0.19 NA 1.31 1.07 NA 0.81 476 41992 72.5 16.1 48.2 17.3 8.92 25.1 

S3 h14 2.78 2.67 0.13 0.06 1.26 0.41 0.34 0.22 526 44799 75.4 15.1 51.4 18.4 8.72 21.5 

S3 h16 2.93 4.83 0.17 0.06 0.83 0.52 0.32 0.42 528 44188 74.7 15.3 45.7 18.1 8.91 24.7 

S3 h18 2.11 3.52 0.20 0.06 1.43 0.65 0.58 0.36 681 45789 76.0 16.9 53.6 19.5 10.5 23.3 

S3 h20 2.55 28.5 0.35 0.06 1.41 0.54 0.45 0.23 483 38796 71.0 13.6 47.1 17.0 8.42 23.0 

S3 h22 2.18 7.57 0.16 0.07 0.88 0.53 0.36 1.08 424 35276 60.3 11.5 42.0 13.2 6.39 17.7 

S3 h24 3.72 2.56 0.20 0.08 1.40 0.53 0.59 0.15 397 37700 72.1 12.0 38.2 15.2 7.35 18.0 

S4 h0 3.58 5.16 0.20 0.07 1.28 0.62 0.61 0.51 732 40434 66.5 13.9 43.1 17.6 8.64 14.8 

S4 h2 1.83 4.00 0.25 0.06 1.11 0.68 0.75 0.62 716 45898 63.4 15.6 48.2 17.1 10.6 18.3 

S4 h6 6.98 5.79 0.24 0.11 1.04 0.55 0.84 0.51 594 44907 61.4 13.4 44.5 18.1 9.86 16.8 

S4 h8 3.37 5.07 0.19 0.06 0.86 0.54 0.64 0.52 728 45239 64.8 15.5 48.2 17.7 9.94 18.4 

S4 h10 2.97 4.42 0.21 0.06 1.33 0.62 0.68 0.24 778 48608 69.9 16.4 52.4 20.7 9.88 23.5 

S4 h12 0.98 3.83 0.16 0.10 0.61 0.30 0.38 0.33 685 43900 66.0 15.4 48.1 18.0 9.53 15.3 

S4 h14 1.01 5.14 0.20 0.08 0.93 0.62 1.83 0.64 701 41979 60.3 14.6 43.4 17.3 10.0 15.9 

S4 h16 1.02 13.01 0.37 0.07 1.11 1.02 0.83 2.62 697 42647 58.4 14.5 42.2 17.0 10.5 17.7 

S4 h18 1.16 4.72 0.19 0.05 1.07 0.56 0.98 0.36 673 40613 56.5 13.8 42.0 15.4 8.84 13.5 

S4 h20 2.93 3.90 0.20 0.07 1.40 0.63 0.66 0.26 747 42974 75.1 15.1 47.0 17.8 10.9 22.3 

S4 h22 1.25 6.00 0.15 0.04 0.75 0.59 0.48 0.78 786 41993 70.5 17.0 51.8 20.7 11.8 24.8 
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Table 2-4. Supplementary data 2.2: Original data of dissolved and particulate metal concentrations during the dry 

season (expressed in µg L-1 and mg kg-1, respectively): S1 to S4 showed sampling sites; h0 to h24 are the hours of 

the 24 h tidal cycling, with a sampling every 2 h. 

Site Label 
Mn  

µg L-1 

Fe  

µg L-1 

Cr  

µg L-1 

Co  

µg L-1 

Ni  

µg L-1 

Cu  

µg L-1 

As  

µg L-1 

Pb  

µg L-1 

Mn 

mg kg-1 

Fe 

mg kg-1 

Cr  

mg kg-1 

Co  

mg kg-1 

Ni  

mg kg-1 

Cu  

mg kg-1 

As  

mg kg-1 

Pb  

mg kg-1 

S1 h0 13.0 1.89 0.07 0.07 1.77 0.76 0.44 0.06 NA NA NA NA NA NA NA NA 

S1 h2 10.8 1.36 0.07 0.05 1.69 0.76 0.43 0.02 495 35403 74.8 11.8 36.9 23.1 9.38 13.4 

S1 h4 13.5 NA 0.08 0.07 1.78 0.77 0.47 0.03 429 32861 69.1 10.5 31.0 23.4 9.41 14.7 

S1 h6 7.95 1.17 0.07 0.06 1.61 0.69 0.49 0.03 524 34251 60.8 12.0 33.8 19.4 9.87 12.8 

S1 h8 6.76 1.21 0.08 0.05 1.57 0.65 0.50 0.02 449 31550 65.7 10.4 35.8 25.5 8.82 19.5 

S1 h10 7.60 1.01 0.08 0.04 1.52 0.69 0.54 0.01 NA NA NA NA NA NA NA NA 

S1 h12 12.2 1.42 0.08 0.07 1.74 0.69 0.50 0.01 1054 37869 72.0 12.1 42.5 32.5 9.05 29.2 

S1 h14 9.12 1.20 0.07 0.05 1.71 0.73 0.50 0.02 1026 38398 67.6 14.1 41.2 24.6 11.5 19.4 

S1 h16 11.2 1.03 0.08 0.05 1.77 0.72 0.48 0.01 1032 41327 79.2 14.8 45.6 27.4 11.5 17.8 

S1 h18 10.4 2.12 0.09 0.05 1.81 0.91 0.46 0.05 780 35496 71.9 12.4 39.1 23.0 10.1 21.4 

S1 h20 9.02 1.85 0.08 0.06 1.64 0.70 0.53 0.02 763 34044 65.2 12.1 35.4 21.0 9.57 13.5 

S1 h22 7.79 1.20 0.08 0.05 1.59 0.72 0.52 0.01 NA NA NA NA NA NA NA NA 

S1 h24 9.12 4.72 0.10 0.05 1.74 0.73 0.50 0.04 467 31182 59.7 10.4 30.5 22.0 8.16 14.6 

S2 h0 3.01 8.76 0.12 0.23 1.38 0.77 0.73 0.15 NA NA NA NA NA NA NA NA 

S2 h2 2.39 9.83 0.12 0.11 1.42 0.76 0.72 0.08 812 34278 64.6 12.7 33.2 18.1 9.30 14.0 

S2 h4 3.57 NA 0.11 0.09 1.36 0.58 0.71 0.06 802 34096 57.4 12.2 33.4 17.4 10.0 14.4 

S2 h6 3.21 2.36 0.10 0.30 1.33 0.55 0.61 0.04 816 35027 58.8 16.2 33.8 17.5 10.2 15.0 

S2 h8 4.93 3.27 0.09 0.20 1.33 0.61 0.63 0.02 663 29655 55.9 11.0 28.8 15.9 7.53 16.7 

S2 h10 1.94 2.70 0.09 0.15 1.35 0.73 0.71 0.11 NA NA NA NA NA NA NA NA 

S2 h12 2.16 3.25 0.09 0.11 1.35 0.69 0.69 0.04 766 32928 56.1 11.7 31.2 18.5 9.40 13.8 

S2 h14 NA 7.50 0.09 0.25 1.50 0.58 0.61 0.03 606 32294 55.5 10.7 30.8 16.5 8.96 12.5 

S2 h16 7.31 3.37 0.09 0.13 1.47 0.62 0.62 0.07 806 35839 59.4 13.0 0.00 18.5 10.3 16.9 

S2 h18 15.2 4.56 0.11 0.14 1.53 0.64 0.68 0.05 911 38689 76.4 13.8 38.6 19.6 11.1 14.8 

S2 h20 9.54 2.42 0.07 0.09 1.74 0.70 0.60 0.03 716 29197 50.2 10.4 28.6 15.5 8.24 11.5 

S2 h22 7.13 2.61 0.10 0.09 1.60 0.64 0.63 0.03 NA NA NA NA NA NA NA NA 

S2 h24 3.96 2.41 0.09 0.08 1.52 0.59 0.69 0.03 783 34467 66.2 12.1 33.4 16.3 9.57 12.7 

S3 h2 NA NA NA NA NA NA NA NA 650 31525 57.1 11.4 33.1 16.7 8.64 13.1 

S3 h4 NA NA NA NA NA NA NA NA 754 34692 59.1 12.4 34.5 17.7 9.16 13.1 

S3 h6 NA NA NA NA NA NA NA NA 686 32459 69.2 11.6 33.3 17.4 8.24 13.5 

S3 h8 NA NA NA NA NA NA NA NA 499 24761 46.2 8.34 26.3 13.4 6.66 10.1 

S3 h12 NA NA NA NA NA NA NA NA 674 30284 53.4 10.9 30.6 15.2 8.28 11.6 

S3 h14 NA NA NA NA NA NA NA NA 581 28277 53.2 9.67 28.6 15.4 7.99 11.4 

S3 h16 NA NA NA NA NA NA NA NA 527 26269 48.9 8.92 29.3 14.5 7.10 13.6 

S3 h18 NA NA NA NA NA NA NA NA 642 30459 57.9 10.7 30.6 18.2 8.20 12.9 

S3 h20 NA NA NA NA NA NA NA NA 415 30826 57.5 10.4 31.8 15.7 7.11 12.2 

S3 h24 NA NA NA NA NA NA NA NA 695 32849 57.6 11.5 32.0 16.5 9.17 12.9 

S4 h0 1.22 4.25 0.12 0.10 0.97 0.61 0.94 0.07 NA NA NA NA NA NA NA NA 

S4 h2 1.23 5.69 0.15 0.06 1.00 0.70 0.99 0.05 406 13917 25.4 NA 14.4 22.8 3.88 6.60 

S4 h4 0.93 2.08 0.12 0.05 0.97 0.62 1.00 0.02 466 16124 35.4 NA 16.6 22.4 4.67 9.06 

S4 h6 1.46 1.36 0.20 0.04 1.10 0.70 0.95 0.04 617 20548 39.3 NA 23.5 20.6 5.74 17.1 

S4 h8 1.55 5.31 0.13 0.05 1.02 0.82 0.93 0.04 584 18027 33.1 NA 19.2 26.7 5.45 13.8 

S4 h10 1.63 2.84 0.11 0.06 1.04 0.74 0.99 0.09 NA NA NA NA NA NA NA NA 

S4 h12 1.50 3.96 0.25 0.05 1.01 0.57 1.05 0.14 682 20970 45.2 NA 19.7 24.4 5.52 18.2 

S4 h14 1.70 6.25 0.11 0.05 1.10 0.61 0.95 0.04 738 26396 50.9 NA 24.2 19.7 7.79 0.00 

S4 h16 1.31 2.91 0.13 0.05 1.15 0.64 0.87 0.02 805 31430 49.7 NA 33.8 17.3 8.58 13.8 

S4 h18 1.49 2.98 0.10 0.06 1.25 0.69 0.83 0.13 694 26159 44.7 NA 25.2 19.4 7.17 14.2 

S4 h20 1.06 1.92 0.11 0.04 1.08 0.65 0.83 0.05 747 27720 47.8 NA 25.8 16.8 7.88 13.1 

S4 h22 1.14 4.22 0.11 0.05 0.93 0.63 1.00 0.03 NA NA NA NA NA NA NA NA 

S4 h24 1.09 1.72 0.11 0.04 0.98 0.67 1.06 0.04 707 24921 43.8 NA 28.9 18.2 7.29 16.1 
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3. Chapter 3 - Trace metal geochemistry and ecological risks 
in a tropical mangrove 

 

Highlights: 

- Trace metals geochemistry was studied in the sediment of the Can Gio mangrove forest 

- The residual fraction was the major geochemical phase of trace metals 

- Trace metals partitioning was strongly linked to organic matter cycling. 

- Most of estimated trace metal stocks presented higher values in the Avicennia stand 

- Trace metals presented low ecological risks to the ecosystem, except Mn, Ni and As 

Keywords: Sequential extraction; Metal geochemistry; Partitioning; Ecological risk; Vietnam. 
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ABSTRACT 

Mangrove sediments can act as natural biogeochemical reactors, modifying trace metals 

partitioning after their deposition. The objectives of this study were i) to determine the distribution 

and partitioning of some trace metals (Fe, Mn, Ni, Cr, Cu, Co and As) in sediments and pore-

waters of the Can Gio mangrove, which is located at the edge of a megacity (Ho Chi Minh City, 

Vietnam), and ii) to assess their ecological risks to mangrove ecosystem based on the Risk 

Assessment Code (RAC). Three cores were collected from the tidal creek to inner mangrove, i.e. 

within a mudflat, beneath an Avicennia alba stand and beneath a Rhizophora apiculata stand. We 

suggest that metals had a natural origin, being deposited in the mangrove mainly as oxihydroxides 

coming from the upstream lateritic soils. However, the enrichment of mangrove-derived organic 

matter from the mudflat to the Rhizophora stand played a key role in controlling the studied metals 

partitioning. We suggest that reductive dissolution of Fe-Mn oxihydroxides by bacteria for organic 

matter decay processes may be a major source of dissolved trace metals in pore-waters. 

Subsequently, these metals co-precipitated with organic compounds, sulphides or carbonates. 

Despite of the increasing trend of metals concentrations in bioavailable fractions towards the 

inland forest, only Mn exhibited a potential high risk to the ecosystem, and possibly Ni and As due 

to their elevated concentrations in pore-waters. Most of estimated trace metals stocks in the 

sediments were higher in the Avicennia stand than the Rhizophora and the mudflat with the 

exception of Fe and As, which presented higher values in the mudflat.  
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3.1. Introduction 

Rapid demographic increase and industrial developments have induced serious environmental 

degradations, including the accumulation of organic and inorganic pollutants in coastal and 

estuarine ecosystems. Due to their specific characteristics, e.g. their richness in fine particles and 

in organic matter, and the occurrence of sulfate-reduction processes, mangrove sediments can act 

as natural sinks for trace metals originating from natural and anthropized watersheds (Clark et al. 

1998, Marchand et al. 2011a, Tam and Wong 1996). In contrast to organic pollutants, metals 

cannot be chemically or biologically degraded. Within mangrove sediments, trace metals are either 

adsorbed or precipitated with different bearing phases such as carbonate, organic matter, sulphide, 

iron–manganese oxide-hydroxides, etc. (Tam and Wong 1996). However, mangrove sediments are 

highly reactive systems, and due to depth or seasonal evolutions of the redox conditions, pH, 

salinity, organic matter, etc., bearing phases can be dissolved, releasing trace metals in pore-waters 

and increasing their bioavailability (Marchand et al. 2016). Trace metals can subsequently re-

precipitate with another bearing phase (Noël et al. 2014) or be transferred to adjacent ecosystems 

(Holloway et al. 2016, Sanders et al. 2012) or mangrove living organisms (trees, fishes, crabs, 

snails, etc.) (De Wolf and Rashid 2008, Parvaresh et al. 2011). To date, mangroves are being 

destroyed at a rate close to 1 % per year (Duke et al. 2007), notably for implanting shrimp farming 

activities. The destruction of mangrove forests can generate sediment perturbation and their 

oxidation, inducing the dissolution of sulfide minerals, which can result in sediment acidification 

and trace metal release into the environment (Dent 1986). Furthermore, mangrove ecosystems 

provide many ecosystems services for the local populations of the (sub)tropical coastlines, being 

notably a famous fishing area (Lee et al. 2014). Thus, understanding the fate of trace metals in 

mangrove ecosystems is also highly relevant for human health.        
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In Vietnam, large mangrove areas were devastated by herbicide mixture during the war in the 

70’s. Can Gio mangrove was one of the most heavily sprayed areas. Mangrove restoration efforts 

have been realized and almost 40 years after, the rehabilitated mangrove is now more diverse in 

community structure than prior the war (Hong 2001). The mangrove forest is now largely 

dominated by the Rhizophora apiculata species, with fringing by mainly Avicennia alba toward 

tidal creek and the sea. The Can Gio mangrove is located downstream of Ho Chi Minh City, the 

economic capital of Vietnam with almost 10 million inhabitants. Mangrove river network acts as 

a unique gate for water outlet from Ho Chi Minh City to the South China Sea. Industrial activities, 

economic development and rapid population growth are inducing high pressure on water and 

sediment quality. However, Strady et al. (2017a) stated that the main rivers and canals in the city 

were moderately contaminated by major metal(oid)s. Recently, Thanh-Nho et al. (2018) 

highlighted that trace metals can be transferred over long distance from the downstream Ho Chi 

Minh City to the mangrove forest, and that during the monsoon season, heavily rainfall induced 

enhanced runoff and soil leaching, resulting in elevated trace metals inputs in the estuary. 

Consequently, taking into account the mangrove specific geochemical characteristics, the lack of 

treatment plants in emerging countries as Vietnam and the fishing activities in mangrove waters, 

more attention should be paid on trace metals distributions, speciation, bioaccumulation and 

transfer in mangrove ecosystems. 

Within this context, our objectives were: i) to investigate the geochemistry of some trace metals 

(Fe, Mn, Ni, Cr, Cu, Co and As) in the sediment of the Can Gio planted mangrove forest, beneath 

the two main species: Rhizophora and Avicennia, and in the adjacent mudflat; ii) to assess the 

potential ecological risks of these trace metals on mangrove ecosystem. We hypothesize that 
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metals distribution and speciation will vary with depth and between zones because of different 

organic content and different redox condition, influencing their bioavailability.  

3.2. Materials and methods 

3.2.1. Study site 

The Can Gio mangrove (approximately 35,000 ha, extending from 10o22’-10o44’N and 

106o46’-107o01’E (Tuan and Kuenzer 2012) ) is located in the south of Vietnam at the downstream 

part of the Sai Gon and Dong Nai Rivers watershed and in the South China Sea coastal zone (Fig. 

3.1). It is a Biosphere Reserve of UNESCO since 2000 and it is also a well-known example of 

“mangrove afforestation and reforestation area’’ (Blasco et al. 2001). The Can Gio mangrove is 

home to more than 20 mangrove species with two dominant ones: Rhizophora apiculata and 

Avicennia alba (Luong et al. 2015), and 200 species of fauna (e.g. amphibians, fishes, benthic 

organisms, etc.). The main economic activities of the local people are forest management, 

aquaculture, fishing and salt production (Kuenzer and Tuan 2013). The Can Gio mangrove is 

subject to the typical tropical monsoon climate, with two distinct seasons. The dry season lasts 

from November to April and the monsoon season from May to October. The annual mean 

precipitation is about 1,300 to 1,400 mm, with ~ 90 % of the precipitation falling during the wet 

season and the annual mean temperature ranges from 26.5 °C to 30 °C. It is also subject to a semi-

diurnal tidal regime. The topography of the Can Gio mangrove is generally low-lying. The 

sediment is composed of alluvial deposits derived from upstream of the Sai Gon and Dong Nai 

Rivers (Luong 2011). 
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Fig.  3-1. Location of Can Gio mangrove and collected samples. Three cores (90 cm depth) were collected in the 

mudflat, beneath the Avicennia and the Rhizophora stands. 

3.2.2. Sample collections and preservations 

Sampling was carried out in the core zone of the Can Gio mangrove during the monsoon season 

(October 2016). Three cores (90 cm depth) were collected with an Eijkelkamp gouge auger at low 

tide in the mudflat (lower elevation than the mangrove stands), beneath an Avicennia alba stand 

and a Rhizophora apiculata stand (Fig. 3.1). Cores were immediately sectioned into 10 samples: 

every 5 cm from the surface to 30 cm depth, every 10 cm from 30 to 50 cm depth, and every 20 

cm from 50 to 90 cm depth. Samples were stored in polythene bags, stored in a cooler box for their 

transfer to the laboratory and were then preserved frozen (-20 °C) until drying. Dried samples were 

grinded using an agate pestle and mortar, and sieved using 100 µm pore size for sequential 

extraction of trace metal fractions and for total organic carbon (TOC) analysis. 

For dissolved metal analysis, pore-waters were extracted on the day of coring with soil moister 

sampler Rhizon®, which were directly inserted into the center of the cores (Marchand et al. 2012). 

All samples were then filtered through 0.45 µm Sartorius® filter membranes and acidified to pH < 
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2 by Suprapur® concentrated HNO3 (Merck). The samples were then preserved in cleaned 14 ml 

polypropylene tubes at 4 oC until analysis.  

3.2.3. Analytical methods and calculations 

3.2.3.1 Salinity, pH and redox measurements 

Additional cores beneath each mangrove stand and in the mudflat were collected to measure 

salinity, pH and redox. These parameters were measured in-situ. Salinities were determined using 

an ATAGO refractometer (S-10, Japan) after extracting a drop of pore-water from each sediment 

layer. pH was measured using a glass electrode (pH 3110-WTW), which was pre-calibrated using 

pH 4, 7 and 10 standard buffer solution (NIST scale). Redox potential was measured using digital 

voltmeter with Pt and Ag/AgCl (reference) electrode connected to pH/mV/T meter (pH100-YSI), 

which was periodically checked using 0.43V standard solution and deionized water. Redox data 

are reported relative to a standard hydrogen electrode i.e. after adding 194 mV to the original mV 

values obtained with an Ag/AgCl (reference electrode) at 30 oC. The redox scale was fully 

described by Marchand et al. (2011a), as follows: (i) oxic > 400 mV, containing measurable 

dissolved oxygen; (ii) 100 mV < suboxic < 400 mV, with a lack of measurable oxygen or sulfide, 

containing dissolved iron or manganese, with no reduction of sulfate; (iii) anoxic < 100 mV, with 

sulfate reduction.   

3.2.3.2 Metal concentrations in pore-waters 

Dissolved Fe, Mn, Ni, Cr, Cu, Co and As concentrations were directly measured by Thermo 

Scientific iCAPQ ICP-MS with a Kinetic Energy Discrimination-Argon Gas Dilution module 

(KED - AGD mode) (Kutscher et al. 2014) using internal standard calibration (AETE-ISO 

platform, OSU-OREME/Université de Montpellier). Accuracy and precision were controlled 

using the certificate reference material SLEW-3 (Table 3.1a). 
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Table 3-1. Quality control of analytical methods applied for dissolved and total metal concentrations analysis: 

a) accuracy, precision and detection limit using estuarine water SLEW-3; b) BCR-277R for wet digestion method. 

a) Dissolved metal concentration analysis. 
 

Element 

Detection limit  

(µg L-1) 

Certificated 

values 

(µg L-1) 

Measured 

values  

(µg L-1) 

Recovery 

(%) 

Relative standard 

deviation 

 (%) 

Fe 
0.031 0.568 ± 0.059 0.661 ± 0.073 116 11 

Mn 
0.013 1.61 ± 0.22 1.469 ± 0.016 91 1 

Ni 
0.011 1.23 ± 0.07 1.230 ± 0.014 100 1 

Cr 
0.022 0.183 ± 0.019 0.0182 ± 0.020 99 11 

Cu 
0.011 1.55 ± 0.12 1.491 ± 0.041 96 3 

Co 
0.0092 0.042 ± 0.010 0.0464 ± 0.0025 110 5 

As 
0.0062 1.36 ± 0.09 1.569 ± 0.013 115 1 

b) Total metal concentration analysis 

Element 
Certificated values 

(mg kg-1) 

Measured values 

(mg kg-1, n = 9) 
Recovery (%) 

Relative standard 

deviation (%) 
Analytical method 

Fe NA 50,843 ± 3029 - 5.8 FAAS 

Mn NA 897 ± 37 - 4.2 FAAS 

Ni 130 ± 8 125.9 ± 6.1 96.9 4.9 ICP-MS 

Cr 188 ± 14 179.9 ± 16.1 95.7 9.0 ICP-MS 

Cu 63 ± 7 58.9 ± 4.6 93.6 7.9 ICP-MS 

Co 22.5 ± 1.4 23.1 ± 1.7 102.6 7.5 ICP-MS 

As 18.3 ± 1.8 18.1 ± 1.5 98.9 8.2 ICP-MS 

3.2.3.3 Total metal concentrations in sediments 

Total Fe, Mn, Ni, Cr, Cu, Co and As concentrations were digested using 10 mL of concentrated 

HNO3/HCl/HF (3:1:1 = v/v) in polytetrafluoroethylene (PTFE) vessel at 110 oC for 48h. After 

cooling, 2 mL of concentrated HNO3 (n = 2) was added into these samples for eliminating residual 

HF. For each adding, the solution were evaporated near to dryness at 160 oC. The samples were 

filtrated and adjusted using deionized water into 25 mL, and were then stored in pre-cleaned 

polypropylene (PP) tubes at 4 oC until analysis. 
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The analytical precision and accuracy were insured by analyzing certificate reference material 

estuarine sediment (BCR-277R). The quantification of Fe and Mn concentrations were performed 

by Flame Atomic Absorption (Shimadzu AA-6650) while the other metals (Co, Ni, Cu, As and 

Cr) were analyzed by ICP-MS (Agilent 7700x) using spiked 103Rh and 197Au as internal standard 

(Table 3.1b). Certificate reference material (BCR-277R) were always intercalated in each batch of 

sample digestion for controlling the analytical method. All reagents were purchased from analysis 

grade (Merck) and all the containers were de-contaminated by soaking in 5 % nitric acid for 24 h 

and rinsed in deionized water. 

3.2.3.4 Sequential extraction of metal chemical fractions 

To evaluate the geochemistry and availability of trace metals (Fe, Mn, Ni, Cr, Cu, Co and As) 

in these sediment cores, a sequential extraction procedure was carried out based on the method 

developed by Tessier et al. (1979) and Ure et al. (1993). Each element was divided into four 

operationally-defined geochemical fractions: exchangeable/carbonate fraction (acid-soluble 

phase), Fe – Mn oxides fraction (reducible phase), organic fraction (oxidizable phase) and a 

residual fraction. Briefly, the various single extractions were performed as following: 1 g of fine 

dry sediments were put into 50 mL PP tubes with caps, which were also used for shaking time and 

centrifugation to minimize the possible loss in the centrifuge – washing step. For the determination 

of the acid-soluble fraction (F1), we used 8 mL of 1M buffer acidic solution 

(CH3COOH/CH3COONH4, pH = 5) at room temperature during 5 h; for the reducible fraction 

(F2), we used 20 mL of 0.04 M NH2OH.HCl in 25 % CH3COOH (m/v) at 96 oC during 6 h; for the 

oxidizable fraction (F3), we used 3 mL of 0.02 M HNO3 and 8 mL of 30 % H2O2. 5 mL of 3.2 M 

CH3COONH4 was added into the solution to prevent reabsorb of those metals onto particles 
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surface; for the residual fraction (F4), it was digested according to the same procedure described 

above for total metals analysis. 

3.2.3.5 Total organic carbon (TOC) 

TOC analysis were carried out on a Shimadzu® TOC-L series analyzer combined with a solid 

sample module (SSM-5000A) heating at 900 oC. Glucose standard (40 %, Sigma Aldrich) was 

used for calibrations. Repeated measurements of the standards at different concentrations indicated 

a measurement deviation < 2 %. 

3.2.3.6 Sediment bulk density and trace metal stock estimation 

The bulk density is defined as the ratio of dry sediment mass to sediment volume (including 

pore space). Bulk density is typically expressed in g cm-3. To calculate the sediment bulk density 

in the present study, subsamples of known volume in the mudflat, the Avicennia and Rhizophora 

stands were collected and dried to a constant weight.           

To compare trace metal stocks in the Can Gio mangrove sediments to those measured in the 

literature, we determined them to a depth of 50 cm depth using the following equation: 

Metal Stock (t ha-1) = (Csediment * BD * 50 * 100)/106 

where, Csediment: mean trace metal concentration in the upper 50 cm (mg kg-1) 

BD:  mean bulk density in the upper 50 cm (g cm-3) 

50:   length of the core used for estimation of trace metal stock (cm)    

100: conversion factor from g cm-2 to t ha-1 

106: conversion factor of a metal concentration in mg kg-1
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3.2.3.7 Data analysis 

The Pearson correlation coefficients were performed using statistical package software (SPSS: 

version 23) to identify major relationships between metal concentrations and physico-chemical 

parameters as well as interrelationships between metals together. 

3.3. Results 

3.3.1. Physico-chemical parameters in the sediment cores  

The depth evolution of pH, redox potential (Eh), salinity and total organic carbon (TOC) in the 

mudflat and the mangrove stands are presented in Fig. 3.2. pH was stable with depth whatever the 

sites, being lower in the Avicennia stand (5.6 to 6.0) than in the Rhizophora stand (6.5 to 6.8) and 

in the mudflat (6.8 to 7.1) (Fig. 3.2a). Eh distributions and values differed in the three 

environments. The mudflat was characterized by anoxic conditions in whole core, ranging between 

73 mV and -88 mV. The sediment beneath mangroves stands were characterized from suboxic to 

anoxic conditions toward the bottom of the cores. In the Avicennia stand, Eh values decreased 

from 254 mV at the top of the core to 43 mV at 30 cm depth, and then slightly increased without 

being higher than 140 mV. In the Rhizophora stand, redox values decreased from the top of the 

core (224 mV) to 20 cm depth (- 90 mV) and then fluctuated between of -20 mV to -115mV (Fig. 

3.2b). Salinity increased with depth in the three cores with similar distribution patterns, from 14 

to 22 (Fig. 3.2c). TOC contents vary with depth in the mudflat (from 2.7 % to 2.1 %) and in the 

Avicennia stand (from 2.8 % to 2.3 %) without specific distributions patterns (Fig. 3.2d), while in 

the Rhizophora stand TOC concentrations decreased with depth (from 4.62 % to 2.1 %).  
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values from the mudflat to the mangrove stands (i.e. mean concentration of 53,110 ± 1,423 mg kg-

1, 49,335 ± 2,198 mg kg-1 and 46,079 ± 2,371 mg kg-1 in the mudflat, the Avicennia stand and the 

Rhizophora stand, respectively). The distribution of total Mn concentrations decreased with depth 

in each environment, from 653 mg kg-1 to 310 mg kg-1 in the mudflat, from 800 mg kg-1 to 227 mg 

kg-1 in the Avicennia stand and from 350 mg kg-1 to 160 mg kg-1 in the Rhizophora stand. Total Ni 

and Cr concentrations did not vary with depth in the three environments but their mean 

concentrations in each core evidenced higher mean values in the Avicennia and Rhizophora stands 

than in the mudflat. Total Co concentrations presented similar distribution between environments, 

being stable in the upper horizons from 0 to 40 cm depth and then increasing to reach a maximum 

values of 24.2 mg kg-1, 29.7 mg kg-1 and 25.8 mg kg-1 in the mudflat, the Avicennia stand and the 

Rhizophora stand respectively. Finally, total As and Cu concentrations did not present any specific 

vertical distributions pattern, and their mean concentrations were similar in all environments 

(between 11.6 and 14.9 mg kg-1 for As and between 16.7 and 20.6 mg kg-1 for Cu). 

3.3.3. Trace metal stock estimation 

The estimated stock of metals down to 50 cm depth differed between the mangrove stands and 

the mudflat (Table 3.3). The estimated Fe stock presented decreasing values from the mudflat 

(169.2 ± 4.2 t ha-1) to the inner mangrove (i.e. the Rhizophora stand, 126.4 ± 6.2 t ha-1). Conversely, 

the estimated stock of Mn was higher beneath the Avicennia stand (1.62 ± 0.57 t ha-1) than in the 

mudflat (1.44 ± 0.41 t ha-1) and was even lower in the Rhizophora stand (0.74 ± 0.12 t ha-1). Except 

As stock, which was higher in the mudflat, the estimated stocks of Co, Ni, Cr and Cu showed 

higher values in the Avicennia stand than in the Rhizophora zone and in the mudflat. They varied 

(expressed in t ha-1) from 0.16 ± 0.004 to 0.19 ± 0.01 for Ni, from 0.25 ± 0.01 to 0.29 ± 0.003 for 

Cr, and from 0.053 ± 0.003 to 0.057 ± 0.002 for Cu, from 0.060 ± 0.004 to 0.067 ± 0.010 for Co, 

from 0.035 ± 0.005 to 0.045 ± 0.008 for As.  
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Table 3-2. Depth distribution of total metals concentrations (Fe, Mn, Ni, Cr, Cu, Co and As) in the mudflat, the 

Avicennia stand and the Rhizophora stand, expressed in mg kg-1. 

Stand Depth (cm) Fe Mn Ni Cr Cu Co As 

Mudflat 

0-5 53,711 653 54.3 95.5 17.1 19.5 12.7 

5-10 50,864 567 48.2 83.6 15.7 18.2 13.1 

10-15 52,382 560 49.9 81.4 15.4 18.7 12.2 

15-20 52,049 438 49.4 86.1 16.0 18.4 13.4 

20-25 51,827 388 48.2 83.3 15.7 18.5 11.9 

25-30 53,368 350 52.0 87.4 16.7 19.4 13.7 

30-40 54,404 338 53.6 86.2 17.4 21.6 16.7 

40-50 54,478 310 56.8 89.4 18.1 23.7 18.9 

50-70 55,526 316 58.6 87.7 17.2 24.2 13.5 

70-90 52,851 310 56.3 85.6 16.9 22.5 12.4 

Mean 53,110 369 52.8 86.1 16.8 19.5 13.2 

SD 1423 126 3.8 3.9 0.9 2.3 2.2 

         

Avicennia  

alba 

0-5 52,590 800 61.1 97.3 17.9 21.6 11.2 

5-10 50,314 643 59.3 96.5 18.7 21.7 13.4 

10-15 50,843 473 62.1 95.3 17.9 21.1 11.7 

15-20 47,228 458 64.0 96.2 18.3 22.0 10.6 

20-25 50,044 728 61.3 94.8 18.8 21.3 11.3 

25-30 51,427 543 61.6 94.0 18.6 19.8 11.8 

30-40 45,054 338 61.5 96.6 18.5 19.2 9.0 

40-50 48,358 256 69.2 94.9 19.4 29.7 13.8 

50-70 48,627 236 62.6 92.4 18.0 26.3 12.1 

70-90 48,575 227 62.7 95.5 19.0 22.8 11.6 

Mean 49,335 465 61.9 95.4 18.6 21.7 11.6 

SD 2,198 208 2.6 1.4 0.5 3.1 1.3 

         

Rhizophora apiculata 

0-5 45,554 231 60.4 88.7 20.7 21.6 13.3 

5-10 49,517 263 59.4 93.0 20.7 21.3 14.9 

10-15 48,695 302 60.2 93.3 20.6 22.9 14.9 

15-20 52,187 317 59.6 93.1 20.1 22.0 18.4 

20-25 46,128 253 59.5 98.9 20.1 22.3 12.1 

25-30 47,628 350 60.7 93.5 19.8 22.7 14.5 

30-40 45,773 297 60.9 98.8 21.2 23.2 13.8 

40-50 46,030 219 63.5 100.8 21.6 25.8 16.9 

50-70 44,512 166 63.6 95.8 20.0 25.7 14.9 

70-90 45,334 160 63.5 102.0 22.6 24.8 17.6 

Mean 46,079 258 60.5 94.7 20.6 22.8 14.9 

SD 2,371 63 1.7 4.2 0.9 1.6 2.0 
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Table 3-3. Trace metals stocks in the sediments of the mudflat, the Avicennia stand and the Rhizophora stand in Can 

Gio mangrove (expressed in t ha-1, values were obtained based on the mean metal concentration and bulk density of 

each core on 50 cm depth). The stocks of each metal beneath Avicennia and Rhizophora stands were compared with 

those measured in the mudflat (%). 

Stand 
Bulk density 

(g cm
-3

) 
Fe Mn Ni Cr Cu Co As 

Mud flat  0.64 169.2 ± 4.2 1.44 ± 0.41 0.16 ± 0.01 0.28 ± 0.01 0.053 ± 0.003 0.063 ± 0.006 0.045 ± 0.008 

Avicennia 0.61 150.9 ± 7.5 1.62 ± 0.57 0.19 ± 0.01 0.29 ± 0.003 0.057 ± 0.002 0.067 ± 0.010 0.035 ± 0.005 

(% mud flat)  89 112 116 105 107 106 79 

Rhizophora 0.53 126.4 ± 6.2 0.74 ± 0.12 0.16 ± 0.004 0.25 ± 0.01 0.055 ± 0.002 0.060 ± 0.004 0.039 ± 0.005 

(% mud flat)  75 51 97 91 103 95 87 

3.3.4. Metal partitioning in mangrove sediments 

The metals (Fe, Mn, Ni, Cr, Cu, Co and As) partitioning in each sediment core layer collected 

in the mudflat, the Avicennia stand and the Rhizophora stand is determined based on their 

concentrations in the exchangeable/carbonate fraction (F1), the oxides fraction (F2), the organic 

fraction (F3) and the residual fraction (F4). Their respective percentage in each phase are evaluated 

based on their total concentrations (sum of metal concentrations in the four fractions) (Fig. 3.3). 

3.3.4.1 Fe and Mn 

The partitioning of Fe and Mn presented different vertical distribution according to 

environments. In the mudflat and in the Avicennia stand, the partitioning was F4 > F2 > F3 ~ F1 

(Fig. 3.3a) whereas for Mn it was: F4~ F1 > F2 > F3 (Fig. 3.3b). Fe in F4 was stable with depth, 

representing 72 % in the mudflat and 78 % in the Avicennia stand, whereas Mn in F4 increased 

with depth, from 22 % to 38 % in the mudflat and from 18 % to 62 % in the Avicennia stand. Mn 

was characterized by an important exchangeable/carbonate fraction, which decreased from 42 % 

to 27 % in the mudflat and from 51 % to 22 % in the Avicennia stand. F2 of both Fe and Mn 

decreased with depth in the mudflat and in the Avicennia stand, respectively from 20 % to 12 % 

and from 20 % to 12 % for Fe and from 42 % to 27 % and 51 % to 22 % for Mn. F3 of Fe and Mn 

presented increasing values with depth in the mudflat, from 8 % to 15% for Fe and from 6 % to 13 

% for Mn, while it is stable in the Avicennia stand with a mean value of 3 % for Fe and values 
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Conversely to F4, the proportion of Fe and Mn in F3 increased from the top to 40cm depth (i.e. 

ranging from 18 to 36 % for Fe and 21 to 54 % for Mn), then decreased to the bottom of the core 

(i.e. ranged from 35 to 16 % and from 52 to 17 % for Fe and Mn, respectively). Fe and Mn in F2 

decreased toward the bottom of the core, from 15 % to 3 % for Fe and from 23 % to 8 % for Mn. 

Eventually, the exchangeable/carbonate fraction of Fe represented less than 1 % of total Fe 

concentrations, while F1 of Mn decreases with depth from 16 % to 3 %. 

3.3.4.2 Ni, Cr, Cu, Co and As  

Ni partitioning was characterized by F4 > F2 ~ F3 > F1 in the mudflat and the Avicennia stand 

and by F4 > F3 > F2 > F1 in the Rhizophora stand (Fig. 3.3c). F4 was in the same range (from 76 

% to 84 %) in the mudflat and in the Rhizophora stand, but higher (from 83 to 91 %) in the 

Avicennia stand, without clear vertical distributions in all cores. F3 was stable with depth and 

presented a higher proportion in the Rhizophora stand (11 %) than in the mudflat (8 %) and in 

Avicennia stand (5 %). F2 and F1 were stable with depth at all sites, and represented less than 8% 

for F2 and less than 3% for F1.  

Cr partitioning was by F4 > F3 > F2 > F1, without any clear depth evolution (Fig. 3.3d). The 

residual fraction ranged from 78 % and 84 % in the mudflat and the Avicennia stand and from 72 

% to 79 % in the Rhizophora stand. The organic fraction was characterized by higher proportion 

in the Rhizophora stand (16 % to 24 %) than in the mudflat (11 % to 17 %) and in the Avicennia 

stand (10 % to 13 %). The oxides fraction and the exchangeable/carbonate fraction presented low 

proportion (less than 5%) and same range of values in all environments. 
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decreased with depth while no specific distribution was observed in the mangrove stands. F3 

ranged from 24 to 41 % in the mudflat and Rhizophora stand, and from 6 to 14 % in the Avicennia 

stand. F1 and F2 fractions were characterized by low proportion (< 2 %) in all environments except 

in the Rhizophora stand where the F2 increased from 20cm depth until the core bottom.  

The Co partitioning also differed between cores: F4 > F2 ~ F3 > F1 in the mudflat, F4 > F2 > 

F1 ~ F3 in the Avicennia stand and F4 > F3 > F2 > F1 in the Rhizophora stand (Fig. 3.3f). The 

residual fraction was closed to 50% in both the mudflat and the Rhizophora stand, but ranging 

from 50 to 76% in the Avicennia stand with lower proportion at depth. F3 presented opposite 

pattern than F4 in the mudflat and the mangrove stands. F2 and the F1 were stable in all 

environments with lower proportion in the Rhizophora stand for F2 and increasing F1 proportion 

from 40cm depth in the Avicennia stand.  

As partitioning was F4 > F2 > F3 > F1 in the mudflat, F4 > F2 > F3 ~ F1 in the Avicennia 

stand and F4 > F2 ~ F3 > F1 in the Rhizophora stand (Fig. 3.3g). In the upper part of the core in 

the mudflat (to 25 cm depth), all fractions presented stable proportions. Then, As in F3 and F4 

increased with depth while As in F1 and F2 decreased. In the core beneath the Avicennia stand, As 

proportion in F4 gradually decreased from the top to the 40 cm depth and dramatically increased 

in deeper layers while the opposite distribution was observed for F3 (r = - 0.99). F2 and F1 did not 

exhibit any specific distribution along the core. In the Rhizophora stand, the residual and the 

organic fractions were stable from the top of the core to 40 cm depth, then F4 increased toward 

the bottom while F3 decreased. The F2 and F1 fraction did not exhibit any specific distribution 

along the core. 

3.3.5. Distribution of dissolved metals concentrations in mangroves pore-waters  

Dissolved Fe concentrations (FeD) in pore-waters presented lower levels of concentrations in 

the Rhizophora stand (14 to 3,055 µg L-1) and the mudflat (from 1,621 and 10,303 µg L-1) pore-
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(AsD) concentrations in pore waters (Fig. 3.4f, 3.4g) presented a stable vertical distribution with a 

peak at 30cm in the mudflat core while in the Avicennia stand, they presented decreasing 

concentrations from the top to 10cm depth, increasing concentrations until reaching a peak at 30cm 

and 40cm depth for CoD and AsD respectively, and then decreasing concentrations towards the 

bottom. Finally in the Rhizophora stand, CoD decreased with depth with a peak at 15cm depth 

while AsD is stable with two peaks at 25cm and 50cm depth. 

3.4. Discussion 

3.4.1. Mangrove sediments characteristics 

Mangrove forests are known to be highly productive ecosystems (Bouillon et al. 2008), storing 

huge quantity of carbon in their soils. Kristensen et al. (2008a) showed that TOC values in 

mangrove soils usually range between 0.5 % and 15 %, with a median value around 2.2 %. In the 

Can Gio mangrove, TOC reached up to 4.6 % with increasing values from the tidal creek (the 

mudflat core) to the inner mangrove (the Rhizophora stand core) (Fig. 3.2d). The higher values 

measured beneath the Rhizophora stand than beneath the Avicennia stand may result from a higher 

productivity of the first species, including a more developed root system as it was observed in 

Australia (Alongi et al. 2000) or in New Caledonia (Marchand et al. 2011b). It may also be related 

to the elevation of the soil: the Avicennia trees in Can Gio mangrove developing at lower elevation 

than the Rhizophora ones may thus be subject to a more intense tidal export of leaf litter, which 

limits organic matter accumulation in the soil. Additionally, the oxygen released by the roots of 

Avicennia trees may induce more efficient organic matter decomposition (Marchand et al. 2004). 

Beneath the two mangrove stands, the redox values decreased with depth probably as a result of 

organic matter decomposition and the lack of electron acceptors renewal at depth (Otero et al. 

2009). In the upper part of the sediments, the suboxic conditions (100 < Eh < 260 mV) may be 

explained by biological or physical factors (i.e. length of emersion, crab activity and bioturbation 
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by mangrove roots) (Marchand et al. 2012). The radial cable roots of Avicennia trees can also be 

important factor inducing higher Eh values than in the Rhizophora stand (Marchand et al. 2004). 

Whereas the mudflat is flooded almost all the time, the absence of air diffusion into the sediment 

can result to anoxic conditions despite its low organic content. We suggest that more intense 

organic decomposition and possible sulfide oxidation may cause lower pH in the Avicennia stand 

than in the Rhizophora and in the mudflat (Marchand et al. 2004). Finally, the upper sediment of 

every core was characterized by lower salinity values than deeper soil, which can be related to the 

period of coring, i.e. the end of the rainy season, the rainwater inducing a dilution of the saline 

pore-waters. The rainwater may also be responsible of an enhanced renewal of electron acceptors, 

influencing OM diagenesis. 

3.4.2. Lateritic soil as main source of trace metal in mangrove sediments.  

Mean trace metals concentrations (Fe, Mn, Ni, Cr, Co, Cu and As) in Can Gio mangrove 

sediments (Table 3.2) are in the range of other mangroves around the world (see review papers of 

Lewis et al. (2011) and Bayen (2012)) but are lower than those measured in mangroves subject to 

strong anthropogenic pressure as in India (Fernandes and Nayak 2012). Furthermore, these metals 

concentrations were also close to those measured in total suspended matter (TSM) in Can Gio 

mangrove estuary (Thanh-Nho et al. 2018). These authors stated that TSM acted as main carrier 

for trace metals during their transports to the ocean, and that trace metals distribution changed due 

to the physical mixing by the seawater and/or organic matter decay processes. Consequently, most 

metals concentrations in TSM collected in the estuary were lower than upstream, specifically 

during the monsoon. We suggest that despite being downstream of a developing megacity 

characterized by low urban wastewater treatments (only 10 %, (FAO 2014)), trace metals 

accumulation inside the mangrove forests was relatively limited. We consider that the main source 

of trace metals in the Can Gio mangrove was natural and originated from the rivers’ watershed in 
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the central highland of Vietnam, composed of lateritic soil originating from the physico-chemical 

weathering processes of basaltic rocks (Egawa and Ooba 1963) rich in hematite and goethite 

minerals. This hypothesis may be supported by the high proportion of metals in the residual 

fraction (Fig. 3.3) and interrelationships of total metals concentrations in the mudflat, which reflect 

sediment inputs without the mangrove influence (Table 3.4). 

3.4.3. Trace metal geochemistry in mangrove sediments. 

3.4.3.1 Redox sensitive elements (Fe and Mn) 

Iron geochemistry 

As suggested earlier, the erosion of lateritic soils upstream Can Gio may induce the transfer of 

these Fe-oxihydroxides towards the estuary and then their deposition in the mangrove, explaining 

the high Fe concentrations measured in mangrove soils. In the main channel of the Can Gio estuary, 

we measured up to 55,302 µg g-1 of iron during the monsoon season (Thanh-Nho et al. 2018), 

which comfort our hypothesis. However, the oxide fraction was not the dominant one in mangrove 

soils. This may be attributed to the limitation of the selective extraction method offered by (Tessier 

et al. 1979), which is inefficient to extract iron from highly crystallized oxides and oxihydroxides, 

and which may explain the dominance of the residual fraction. (Ferreira et al. 2007) also stated 

that NH2OH.HCl only poorly extracts iron crystalized forms, like ferrihydrite or lepidocrocite. In 

the studied mangrove soils, Fe partitioning varied with depth and between stands. In addition, great 

variation of FeD concentrations were also observed between sites and with depth (Fig. 3.4a). We 

suggest that these variability resulted from the different redox conditions detailed earlier and 

driven by OM decomposition, bioturbation, root system, etc. Iron partitioning beneath the 

Avicennia stand and the mudflat was similar, but the one beneath the Rhizophora stand was 

different. In fact, we measured higher Fe concentrations in the oxidizable fraction but lower 

dissolved iron concentrations and lower Fe concentrations in residual, reducible and 
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exchangeable/carbonate bound fractions beneath the Rhizophora stand than beneath the Avicennia 

stand and in the mudflat (Fig. 3.3a and 3.4a). With the selective extraction method used, metals 

associated with organic matter are included in the oxidizable fraction. We, thus, suggest that the 

enrichment of the soil in OM along the studied transect may be responsible of these differences 

since Fe can form chelate complexes with OM (Thamdrup 2000). In addition, in the Rhizophora 

stand, TOC decrease with depth may affect Fe partitioning. Fe concentrations in the oxidizable 

fraction were negatively correlated with the concentrations in the reducible and the residual phases 

(r = - 0.67 and - 0.85, respectively). We suggest that toward the landside of the mangrove or with 

depth beneath the Rhizophora stand, Fe-oxihydroxydes, originated from the lateritic soil in the Sai 

Gon Dong Nai Rivers watersheds, were dissolved because of an increased organic content, and 

subsequently dissolved iron was complexed with OM as observed in other mangroves (Marchand 

et al. 2012). In anoxic conditions, FeD can also precipitate as sulphides, which can be reflected by 

the increased concentrations of Fe in the residual phase at depth in the Rhizophora stand. 

Unfortunately, we were not able to measure neither total sulfur (TS) nor sulphide in the studied 

mangrove sediments. However, it is known that mangrove sediments are characterized by high 

rate of sulfate reduction (Kristensen 2008b) and elevated TS content and pyrite are commonly 

observed in mangrove forest, especially at depth (Marchand et al. 2011a, Marchand et al. 2006b). 

Eventually and in addition to these reduction processes, Noël et al. (2014) suggested that re-

oxidation of aqueous Fe(II) and pyrite can lead to the formation of poorly ordered ferrihydrite, 

lepidocrocite (c-FeOOH) and likely goethite. We suggest that this process possibly occurred in 

Can Gio in the upper suboxic sediments, but it was not possible to confirm it with the selective 

extraction we used.  
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Manganese geochemistry 

Manganese is also known as highly redox sensitive (Lacerda et al. 1999). Like for Fe, the 

presence of MnD in the pore-waters may result from the reductive dissolution of Mn-oxihydroxides 

during the diagenetic processes (Froelich et al. 1979). This process can be responsible for the 

presence of high MnD concentrations in pore-waters, reaching more than 10,000 µg L-1 in the 

mudflat (Fig. 3.4b). The lower MnD observed in the Avicennia and Rhizophora stands than in the 

mudflat sediments may be related to (i) the loss of MnD by tidal drainage (Lacerda et al. 1999), 

MnD release from mangrove pore-waters being as a significant component of Mn oceanic budget 

(Holloway et al. 2016), (ii) to an uptake by mangrove plants (Wang et al. 2002), or iii) to more 

intense reprecipitation of Mn with other bearing phases after oxihydroxides dissolution. We 

suggest that those processes were more pronounced for the Rhizophora stand, with total Mn 

concentrations 2-fold lower than in the other site (Table 3.2). However and conversely to Fe, the 

dominant Mn fraction was the carbonate one in the two mangrove stands. Unlike Fe, Mn sulphides 

are unstable (pKsp = 1.3) and the precipitation of Mn as sulphides may be severely limited by the 

presence of dissolved Fe2+ and carbonate. Because of similar ionic radii, Ca can be substituted by 

Mn in carbonate minerals (Costa-Boddeker et al. 2017, Rath et al. 2009). Previous studies, e.g. 

concerning mangrove sediments in the West coast of India (Noronha-D'Mello et al. 2015) or in 

Brazilia (Otero et al. 2009), reported that a considerable quantity of the free manganese was 

associated with carbonate (i.e. up to 2.5 µmol g-1). Marchand et al. (2008) suggested that the 

decomposition of organic matter in mangrove sediments leads to the production of DIC that can 

migrate at depth, where carbonate minerals can precipitate because of the marked anoxic 

conditions that prevail there compared to the upper suboxic layers. This carbonate precipitation 

can be a sink for some elements, including Mn. In the Rhizophora stand, within the organic rich-
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layers, oxidizable fraction was the predominant one for Mn, suggesting that Mn was adsorbed onto 

OM (Thamdrup 2000). This hypothesis may be supported by negative correlation between Mn 

concentrations in the oxidizable fraction with those in the reducible and in the residual phase (i.e. 

r = - 0.69 and – 0.79, respectively). 

3.4.3.2 Geochemistry of Ni, Cr, Cu, Co and As 

Nickel geochemistry 

Under reducing condition, Ni-bearing Fe and Mn-oxihydroxides may be reduced by Fe and 

Mn reducing microorganisms during OM decay process, leading to the release of NiD 

(Klinkhammer 1980). In Can Gio mangrove sediments, the increase of OM in the Rhizophora 

stand implies intense diagenetic processes, which may induce increasing NiD toward the upper part 

of the Rhizophora’s core (Fig. 3.4c) as supported by the positive correlation between TOC and 

NiD (i.e. r = 0.6). This result may also explain the higher NiD from the mudflat to the Rhizophora 

stand (Fig. 3.4c). We also found that the total Ni concentrations in the sediments beneath the 

mangrove stands were higher than in the mudflat, suggesting the poor mobility of Ni in the 

Rhizophora stand via pore-waters discharge in the Can Gio mangrove sediments. Beneath the 

Avicennia stand under anoxic condition, the increase of Ni concentrations in the residual fraction 

may be attributed to more intense precipitation of Ni pyrite and/or Ni sulphide (Noël et al. 2015). 

In anaerobic condition, Ni can be rapidly removed from the dissolved phase by co-precipitation 

with active sulphide (Clark et al. 1998). In the Rhizophora stand, we suggest that dissolved Ni was 

complexed by organic matter due to the richness of this sediment in OM and the adequate pH (i.e. 

3.4 % of mean TOC concentrations and pH ranging from 6.4 to 6.8). Doig and Liber (2006) 

demonstrated that the organonickel complexes may be formed at pH 6 to 8, which may explain the 

higher concentrations of Ni in the organic fraction beneath Rhizophora than beneath the two other 

stands (i.e. 11.4 % in the Rhizophora stand vs. 5.4 % in the Avicennia stand and 8.2 % in the 
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mudflat, Fig. 3.3c). Finally, we conclude that the increase organic content and their decay 

processes in mangrove sediments modify the Ni partitioning, being deposited in the mangrove 

associated with Fe, Mn-oxihydroxydes. Those oxihydroxydes are then dissolved releasing Ni in 

pore-waters, which thus precipitated as sulphides or is complexed with organic matter. 

Chromium geochemistry 

As well as for Ni, we suggest that the organic enrichment in Rhizophora sediments induces a 

modification of Cr partitioning. The complexation of CrD by OM may result from the dissolution 

of Cr bound to Fe and Mn-oxihydroxides during diagenetic processes. The peak of CrD observed 

at 30-40 cm depth in the Rhizophora stand (Fig 3.4f) may be related to intense reductive dissolution 

of oxides, supported by the concomitantly decrease of Cr (down to 3.1%), Fe and Mn (drop to 3.1 

% and 8.5 %) in oxides fraction, and the low Eh measured  (-106 mV, Fig. 3.2b). The most striking 

evolution of Cr partitioning was the increasing organic fraction coinciding with the decreasing of 

the residual fraction and oxides one (Fig. 3.3d) like demonstrated in New Caledonia (Marchand et 

al. (2012). Lacerda et al. (1991) also observed in a Brazilian mangrove that Cr was immobilized 

in sediment as organochromium complexes. Furthermore, below 50 cm depth in the Rhizophora 

stand, the increasing Cr concentrations in the residual fraction may be related to the incorporation 

of Cr by pyrite, as supported by the positive correlation between Cr and Fe in the residual fraction 

(i.e. r = 0.86).   

Copper geochemistry     

Copper may be released in pore-waters upon OM decay processes and/or reductive dissolution 

of Fe-Mn oxihydroxides under suboxic conditions. Cu is a chalcophile element, being easily 

chemisorbed on or incorporated in several minerals such as chalcopyrite (CuFeS2), covellite (CuS) 

and malachite Cu2CO3(OH)2 (Pickering 1986). However, chalcopyrite and malachite are not stable 
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under acidic conditions, especially at pH values ranging from 5 to 6. Therefore, the high Cu 

concentrations in the residual fraction beneath the Avicennia stand (where pH values < 6), 

compared to the mudflat and the Rhizophora stand, may result from the intense precipitation of Cu 

as sulphides, mainly CuS and/or Cu2S (Fernandes 1997, Morse and Luther 1999). In the Can Gio 

mangrove sediment, a negative correlation was observed between the organic fraction and the 

residual one whatever the sites (i.e.  r = - 0.99, - 0.98 and – 0.83 in the mudflat, Avicennia stand 

and the Rhizophora stand, respectively). The well-known affinity of OM for Cu scavenging in 

mangrove sediments being widely documented (Chakraborty et al. 2015, Marchand et al. 2016, 

Silva et al. 2014), we suggest that the organic matter acts as a key factor controlling Cu partitioning 

and subsequently inducing the low concentrations of Cu in the other fractions (i.e. 

exchangeable/carbonate and oxides bound, Fig. 3.3e). We note that beneath the Rhizophora stand, 

Cu concentrations in the organic fraction were higher than in the two other sites (Fig. 3.3e). 

Overall, the CuD in the three cores are in the same range than those measured in the Can Gio 

mangrove estuary surface water (Thanh-Nho et al. 2018). Cu is known to be an essential element 

for plant growth (Yruela 2009) and to bioaccumulate up to a bioconcentration factors of 9 in leaves 

and 5 in roots of mangrove trees (MacFarlane et al. 2003, Usman et al. 2013). Therefore, we 

suggest that its low contents in pore-waters, in addition to its precipitation with OM and with 

sulphides, may be related to an uptake by the mangroves root systems (MacFarlane and Burchett 

2002). However, some peaks of increasing CuD are observed at 5cm, 10cm and 20cm depth (1.4 

µg L-1 2.9 µg L-1 and 13.8 µg L-1, respectively) in the Rhizophora stand (Fig. 3.4e), which may be 

attributed to a limited re-precipitation with oxides-bearing and supported by the Cu decreasing in 

the oxides fraction at these layers (Fig. 3.3e). 
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Cobalt geochemistry 

In the Rhizophora stand, Co in the organic fraction represented almost 30% of total Co, while 

it represented 10 % and 18 % of the total in the Avicennia stand and in the mudflat, respectively 

(Fig. 3.3f). A negative correlation between the residual fraction and the organic one (r = - 0.76) 

was observed, evidencing one more time the key role of organic matter in trace metal partitioning 

in mangrove sediments either because of its decomposition that induce the dissolution of some 

bearing phase or because of dissolved trace metals complexion. However, beneath Avicennia trees, 

Co concentrations in the organic fraction were the lowest of the 3 stands despite of similar range 

of TOC in the mudflat. We suggest that in these soils, dissolved Co may be trapped into sulphides. 

In riverine sediments, Charriau et al. (2011) observed that sulphides compete with organic matter 

in scavenging soluble Co. However and conversely to Ni, Cr and Cu, Co concentrations in the 

exchangeable/carbonate bound fraction were elevated, reaching up to 23 % on total Co 

concentrations. Because of similar ionic radii, Co (III) can be substituted to Mn in Mn (III/IV) 

oxides (Manceau et al. 1997). This process can occur in the same Eh-pH space in which Mn (II) 

oxidation occurs (Murray and Dillard 1979). As explained earlier for Mn partitioning and the 

presence of Mn-carbonates, we suggest that the decomposition of organic matter can lead to DIC 

production, which can precipitate in specific redox-pH values, incorporating some elements, 

mainly Mn but also Co. However, Co and Mn proportions in the exchangeable/carbonate fraction 

showed the opposite distribution patterns with depth whatever the sites (Fig. 3.3f) which implies 

considerable competition of dissolved Mn on the formation of carbonate cobalt (i.e. negative 

correlation observed: r = -0.5 in the mudflat; r = -0.6  in both Avicennia and Rhizophora stands).  
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Arsenic geochemistry 

Dissolved As concentrations were relatively high in the mudflat and at depth in the Rhizophora 

stand, reaching almost 20 µg L-1 (Fig. 3.4g). We suggest that the presence of AsD in pore-waters 

results from the reductive dissolution of As bound to oxides under suboxic/anoxic conditions 

(Masscheleyn et al. 1991, Nickson et al. 2000). Recent studies also supported that the reduction of 

Fe-oxihydroxides was a cause of As release into ground water in Bangladesh (Anawar et al. 2003, 

Zheng et al. 2004). Because of the stability of inorganic arsenic species under anoxic conditions 

(Rhine et al. 2005), As in the pore-waters of Can Gio mangrove sediments was probably dominated 

by arsenites such as H3AsO3, H2AsO3
-, as demonstrated by Hossain et al. (2012) in Sundarbans 

mangrove sediments in Bangladesh. Beneath the mudflat and the Avicennia stand, characterized 

by low TOC values, the depth distribution of AsD was similar with the dominance of the residual 

and organic fractions, which were characterized by a strong and negative correlation (i.e. r = - 0.98 

in the mudflat and r = - 0.99 in the Avicennia stand). Conversely in the Rhizophora stand 

characterized by higher organic content, the organic fraction represents up to 36% of total As 

concentrations. The increase in OM content from the mudflat to the Rhizophora stand induces a 

modification of As partitioning by diagenetic processes. We also suggest that the increasing 

concentrations of arsenic in the residual fraction with depth in every sites may result from the 

incorporation of As into pyrite. In fact, the most common iron sulphide minerals have strong 

affinity for, and can incorporate large amounts of arsenic in its structure, up to 10 wt% (Abraitis 

et al. 2004, Qiu et al. 2017). Noël et al. (2014) stated that pyrite was the predominant Fe bearing 

phase at depth in mangrove sediments.  
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3.4.4.  Trace metals stocks and ecological potential risk assessment  

In the present study, we observed that the most of metals stocks in the upper 50 cm of the 

sedimentary column were lower in the Rhizophora stand compared to the Avicennia one and the 

mudflat. This may be related to the increase of sedimentary organic matter content in the sediment, 

which induces a decrease in the bulk density of the soils (0.55 g cm-3 in the Rhizophora vs. 0.61 g 

cm-3 in the Avicennia and 0.64 g cm-3 in the mud flat). It may also be related to a more reactive 

substrate like described in the previous discussion, which have induced the dissolution of some 

bearing phases and the export of dissolved metals through pore-water seepage, or the uptake of 

dissolved metals by mangrove plants. In addition, the metals stocks in Can Gio mangrove 

sediments were lower than those measured in other mangroves, like in New Caledonia (Marchand 

et al. 2016), confirming the moderate trace metals inputs in the system.      

The bioavailability and potential toxicity of trace metals in the different geochemical fractions 

are expected to decrease in the following order: exchangeable/carbonate fraction > oxides fraction 

> organic fraction > residual fraction (Ma and Rao 1997). To assess trace metal availability and 

potentially ecological risks, we decided to use the Risk Assessment Code  - RAC  (Perin et al. 

1985) and guideline (Benson et al. 2017, Passos et al. 2010) for the Can Gio mangrove sediments 

(Fig. 3.5).  
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from the competition of organometallic complexation (see earlier discussion), reflecting the 

important role of organic matter in scavenging trace metals in mangrove sediments. Eventually, as 

a result of mangrove conversion for agriculture and/or aquaculture (i.e. salt production and shrimp 

farming, etc.), these sediments may be subject to an oxidation resulting in enhanced OM 

decomposition, sulphide oxidation, and thus sediments acidification. Noel et al. (2017) showed 

that increasing anthropogenic pressure on coastal areas altered the redox state of mangrove 

sediments from reducing condition to oxidizing condition, affecting the stability of Ni-

accumulating Fe-sulfides and releasing significant dissolved trace metals at the redox boundary. 

Consequently, trace metals which were associated with OM and sulphides will be released in pore-

waters, but also those associated with the exchangeable/carbonate bound due to the acidification, 

conducting all trace metals to be potentially at high ecological risks in the Can Gio mangrove 

sediments.  

3.5. Conclusions 

Despite being situated downstream the biggest city in Vietnam, Can Gio mangrove sediments 

do not present high trace metal concentrations. Their concentrations, close to those of the crust, 

and their bearing phases, suggest that studied metals originate from the lateritic soils of the Sai 

Gon–Dong Nai Rivers watersheds. Can Gio mangrove sediments acted thus as a natural 

biogeochemical reactor, inducing modification of trace metals bearing phases. Redox cycling in 

sediment impacted the Fe-Mn oxides dissolution, and subsequently the metals geochemistry across 

the intertidal zones. Metals were deposited mainly as Fe-Mn oxihydroxides, which were 

subsequently dissolved by bacteria in suboxic conditions, releasing them in pore-waters. 

Depending on the metal and on the redox conditions, they precipitated with OM, sulphides or 

carbonates. The OM enrichment of the sediments from the mudflat to the Rhizophora stand played 
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a key role in trace metals partitioning, either because its decay modify the redox conditions 

(inducing oxihydroxides dissolution and sulphides precipitation) or because of the formation of 

organometallic compounds. 

According to the RAC index, most of the metals present low ecological risks to the mangrove 

ecosystem except Mn, and possibly Ni and As due to their elevated dissolved concentrations. 

However, we would like to underscore that any anthropogenic perturbation of the redox state of 

those mangrove sediments may result in a release of their trace metals contents in the adjacent 

ecosystems. We also suggest that Avicennia and Rhizophora trees may uptake dissolved trace 

metals and accumulate them into their tissues. In addition, pore-waters seepages may induce an 

export of trace metals from the mangrove sediments into the tidal creeks. A further detailed 

investigation on dissolved trace metals transfer and their accumulations into mangrove organisms 

should be carried out to get a better understanding of trace metal dynamics in the Can Gio 

mangrove ecosystem. 
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4. Chapter 4 - Trace metals accumulation in plants and 
snails of a tropical mangrove (Can Gio, Vietnam) 

  

Highlights:  

- Mangroves roots acted as barrier preventing Fe and As translocations to aerial parts 

- Rhizophora trees presented high potential for Mn “phytoextraction”. 

- Low Ni, Cr in mangrove tissues may result from their low bioavailability in sediments. 

- Fe, Cu and Mn were the dominant elements in soft tissues of all snail species. 

- All snails contained high quantity of As, probably due to its bioavailability.  

Keywords: Bioaccumulation; Gastropods, Mangrove plants, macroconcentrators; Vietnam. 
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ABSTRACT 

Mangroves can store high amount of trace metals in their soils. Because of variable redox 

conditions, these metals can be more or less bioavailable and can sometimes being subject to an 

uptake by mangrove flora and biota. The main objectives of this study were: i) firstly to determine 

metals concentrations (Fe, Mn, Co, Ni, Cr, As and Cu) in various biological tissues (i.e. roots and 

leaves of Avicennia alba, Rhizophora apiculata; and snail species such as Chicoreus capucinus, 

Littoraria melanostoma, Cerithidea obtusa, Nerita articulata) living in a tropical mangrove 

located at the edge of a megacity with over 10 million inhabitants, ii) secondly to assess the effects 

of feeding habits and habitats on metals accumulation in snails soft tissues. In the present study, 

we suggest that the high degree of trace metals concentrations in organisms’ tissues can result from 

both the biological requirements of individual species but also to the amount of trace metals in 

bioavailable forms in their habitat. For plants tissues, we suggest that the formation of iron plaque 

on the roots may have played a key role in preventing Fe and As translocations to the aerial parts 

of the trees. We suggest that mangroves can be considered as “phytostabilizators” for those metals, 

immobilizing them in the rhizosphere. Mn presented higher concentrations in the leaves than in 

the roots, with high BCF, possibly because of physiological requirements. We suggest that 

Rhizophora can be considered as a “phytoextractor” for Mn. Non-essential elements (Ni, Cr and 

Co) showed low BCF in both roots and leaves, which may result from their low bioavailability in 

mangrove sediment and pore-waters. Regarding snails species, essential elements (Fe, Mn and Cu) 

were the dominant trace metals in their tissues, with concentrations ranging from 271 to 1,517 µg 

g-1 for Fe, from 42.5 to 780 µg g-1 for Mn and from 7.84 to 481 µg g-1 for Cu. Most of snails were 

as “macroconcentrators” for Cu, with BCF values reaching up to 42.8 in Cerithidea. We suggest 

that high quantity of As in all snails may result from high bioavailability of As in their dietary 

intake and from their ability to metabolize As.    
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4.1. Introduction 

Due to their persistence, bioaccumulation and toxicity, heavy metals pollution is one of the 

main problems to the marine ecosystems (Agoramoorthy et al. 2008). Mangroves, complex 

intertidal forests located at the interface between marine and terrestrial environments are 

considered as sinks for contaminants, including trace metals (Tam and Wong 2000). It was 

previously suggested that mangrove plants can play important roles in metals removal from 

mangrove sediments (Alongi et al. 2004, Yang et al. 2008). On the one hand, depending on the 

metal considered and on the mangrove species, they can provide “phytostabilization”, meaning 

that metals are immobilized and stored in the sediment or in the below-ground biomass 

(MacFarlane et al. 2007). On the other hand, they can provide “phytoextraction”, and the trees can 

be considered as accumulators, meaning that they can remove metals from the sediments and 

concentrate them in above-ground tissues (Kříbek et al. 2011). Because of different rates of metals 

uptake, and the specific influence of some roots on sediment geochemistry, metals dynamic in 

mangrove sediments may be affected by the composition of plant communities (Verkleij and Schat 

1990). In fact, some mangrove trees can oxidize the sediments via their rhizosphere through the 

movement of oxygen downwards in aerenchyma tissues (Moorhead and Reddy 1988). This 

oxidation process can remobilize the stable forms of metals, e.g. the ones bound to sulphides 

(Marchand et al. 2006b, Noël et al. 2015), thus increasing metals’ bioavailability. In addition, 

changes in Eh and pH conditions of sediments due to any anthropogenic pressure may alter metal 

speciation and solubility, releasing them in pore-water and being thus more bioavailable for 

organisms (Alongi et al. 1998). The bioaccumulation and/or fixation of trace metals in mangrove 

plant tissues may limit metals concentrations in the water column and restrict the entry of these 

contaminants into the food chain. However, some studies demonstrated that the excess of essential 
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metals and non-essential metals could affect the growth, metabolism activities and cell structure 

of plants (Cox and Hutchinson 1981, Wang et al. 2003). 

Gastropods, which are potential indicators of environmental stress, also exhibit changes in 

diversity and community structure through chronic and acute effects of metals contamination 

(Traunspurger and Drews 1996). It was demonstrated that elevated heavy metal concentrations in 

sediments can influence negatively the number of gastropods species in an ecosystem (Amin et al. 

2009). Among gastropods, snails offer the possibility to assess metals contaminations (De Wolf 

and Rashid 2008, Samsi et al. 2017, Yap and Cheng 2013). Zhou et al. (2008) reported that snails 

can accumulate higher metal concentrations than any other groups of invertebrates, and were, thus, 

revealed as potential bioindicators. Metals bioavailability to snails depend on their feeding regime, 

their digging activities, and metal partitioning. Metal bioaccumulations in snails have been 

addressed in many research projects in the past two decades (Berandah et al. 2010, Dias and Nayak 

2016, Reed-Judkins et al. 1997).               

In Vietnam, an emerging country, the fast economic development (i.e. urbanization, 

industrialization, etc.) and the population growth induce high pressure on sediments, rivers and 

estuaries. The Can Gio estuary is located at the edge of the biggest industrial city in Vietnam, Ho 

Chi Minh City (i.e. a megacity of almost 10 million inhabitants), and half of the Can Gio area is 

covered by mangrove forests. This estuary is also a unique gate for drainages of sewages from the 

land to the ocean. Hence, organic and inorganic contaminants can be deposited in mangrove 

sediments and transferred to the biota. However, it was surprising that Can Gio mangrove sediment 

did not show high trace metal concentrations, and only presented moderately polluted to 

unpolluted metals (see in Chapter 3). In fact, Can Gio mangrove is home to high biodiversity with 

20 species of flora, in which two mangrove species are dominant: Avicennia alba and Rhizophora 
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apiculata (Luong et al. 2015), and with more than 200 species of fauna (e.g. benthic organisms, 

fish, gastropods, planktonic, etc.). In a previous study (Chapter 3 of this PhD thesis), we observed 

that trace metals stocks decreased from the mudflat to the mangrove stands (i.e. from the tidal 

creek to inner mangrove) due to organic enrichment that led to a modification of the bearing phase, 

some of them being more mobile and then exported from the system. Thus, knowledge of trace 

metals accumulation in different mangrove organisms would be useful to get a better 

understanding of the fate of these contaminants in the mangrove. 

The objectives of this study were: i) to evaluate the transfer from the soil and the accumulation 

of some trace metals (Fe, Mn, Co, Ni, Cr, As and Cu) in the tissues of the main mangrove trees 

species developing in Can Gio, ii) to assess the effects of dietary habits and habitats on metals 

bioaccumulation in snails. To reach our goals, different parts (i.e. roots and leaves) of mangrove 

plants (i.e. Avicennia and Rhizophora trees), gastropods (i.e. snail species such as Chicoreus 

capucinus, Littoraria melanostoma, Cerithidea obtusa and Nerita articulata) were collected and 

analyzed for their total metals concentrations. 

4.2. Materials and methods 

4.2.1.  Study area 

The study was conducted in the Can Gio mangrove Biosphere Reserve (10o22’-10o44’N and 

106o46’-107o01’E, Fig. 4.1). This mangrove covers approximately 35,000 ha (Tuan and Kuenzer 

2012), being usually classified as a “Mangrove afforestation and re-forestation area” (Blasco et al. 

2001). It is also a part of the densely populated megacity of Ho Chi Minh City (HCMC), with over 

10 million of inhabitants. The Can Gio mangrove is situated 35 km downstream of the city urban 

center and industrial zones (Strady et al. 2017a, Vo 2007). The main economic activities of the 

local people are aquacultures, salt production, fishing and forest management. The topography of 

Can Gio mangrove is generally low-lying. This coastal area is subject to an asymmetric semi-
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diurnal tidal regime and to the typical tropical monsoon climate, with two distinct seasons. The 

dry season extends from November to April and the monsoon season lasts from May to October. 

The highest precipitation can reach up to 400 mm in September, while it is usually less than 80 

mm per month during the dry season. The annual mean precipitation is about 1,300 to 1,400 mm, 

with approximately 90 % of the precipitation falling during the rainy season and the annual mean 

temperature varies from 26.5 ºC to 30 ºC. The two dominant mangrove species are Avicennia alba 

and Rhizophora apiculata. Because of high commercial values, Rhizophora apiculata was widely 

replanted, being often found on elevated ground. Avicennia alba is a pioneering species with high 

salinity tolerance and the ability to grow on weak, unconsolidated sediment. Many marine 

organisms live within and around the mangroves, e.g. shrimp, fish, snail or crab, etc. Therefore, 

the mangrove ecosystem provides various goods and services to local people such as timber, 

seedlings, medicines, but also foods (Kuenzer and Tuan 2013).  

4.2.2. Field sampling 

The sampling campaign was carried out in the end of the monsoon season (October 2015) in 

the Can Gio mangrove (Fig. 4.1). Plants tissues (leaves and roots) were collected from saplings 

and mature trees in the Rhizophora apiculata and Avicennia alba stands. For leaf samples of both 

saplings and mature trees, they consisted of 30 leaves from 15 trees. The root samples were 

collected in upper 50 cm depth. All samples were rinsed with deionized water and were then dried 

at 50 oC for > 48h to constant mass in an oven. 

Four species of snails were collected in the mangrove stands, including Chicoreus capucinus, 

Littoraria melanostoma, Cerithidea obtusa and Nerita articulata. Notably for Littoraria, they were 

collected on mangrove trees. In the Rhizophora stand, due to their excessive height (>15 m), most 

of Litorraria were collected on young trees. In the Avicennia stand, due to low density of saplings, 

most of Littoraria were collected on mature trees. Each sample comprised 15 to 20 snails and their 
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shell sizes (length and width) were measured prior to taking out their tissues. The whole bodies 

were kept at -18 oC until freeze-drying. Samples were ground and sieved through 100 µm pore 

size for analysis. 

 

Fig.  4-1. Map of the study area showing: i) the location of Can Gio mangrove in Viet nam and ii) the location of the 

collected biological samples in the mangrove. 

4.2.3. Analytical methods and calculations 

4.2.3.1 Samples digestion 

Samples were digested for metals analysis with concentrated nitric acid and hydrogen peroxide 

(MacFarlane et al. 2003). The samples (250 mg to 500 mg of tissues) were put into PTFE vessels, 

in which 10 mL of concentrated HNO3 was added. These samples were homogenized in an 

ultrasonic bath for 15 min and were then digested at 110 °C for 12h in an electrical oven. After 

cooling, 2 mL of H2O2 was added into these samples, which were again digested at 110 °C for 30 

min. The residual HNO3 was eliminated at 160 °C. The samples were centrifuged to reject any 

residues and then diluted to 25 mL using deionized water and stored at 4 °C until analysis. The 

metals were determined by ICP – MS (Agilent 7700x) using spiked 103Rh and 197Au as internal 
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standards. All chemicals were analytical grade (Merck). HNO3 was purified using a sub-boiling 

quartz distillation equipment. 

4.2.3.2 Data calculations 

Bioconcentration factor (BCF) was proposed by Babukutty and Chacko (1995) to assess the 

bioaccumulation of pollutants into an aquatic and terrestrial organisms via any route i.e., by active 

or/and passive accumulations. It is defined as BCF = Ctissues/Csediment, where Ctissues and Csediment are 

the total metal concentrations in organism tissues and the total metal concentrations in sediments, 

respectively. In this study, the mean concentrations of Fe, Mn, Co, Ni, Cr, Cu and As in the 

sediments were taken from the chapter 3 of this PhD thesis (Table 4.1). BCF of each metal was 

specifically calculated for each tissues.   

Plant tissues 

BCF was calculated from a mean total metal concentrations in sediments down to 50 cm depth. 

We choose this depth because in mangrove environment, the highest root density is in the upper 

soil, between 20 and 50 cm depth (Ha et al. 2018, Komiyama et al. 2000, Tamooh et al. 2012). 

We also calculated translocation factors (TF), which are used to assess  metal transfer from 

roots to aboveground plant tissues and to evaluate the potential phytoextraction of plant (Marchiol 

et al. 2004). It is defined as TF = Cleaves/Croot, where Cleave and Croot are the total metal concentration 

in leaves and the total concentration in roots of plants, respectively.    

Snails 

Depending on feeding regimes of individual snail species and their habitat, the BCF was 

calculated from a mean total concentration corresponding to a mean total concentration in each 

type of foods. Littoraria feeds on mangrove trees, mainly fresh leaves and material on the plant 

surfaces as phylloplane and fungi (Lee et al. 2001). Their BCF were estimated based on the mean 

metal concentration measured in Avicennia and Rhizophora leaves. Cerithidea is known as 
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sediment eater (Tue et al. 2012), BCF was calculated based on a mean metal concentration 

sediment corresponding to a mean metal concentration in available fractions of the upper 5 cm of 

the sediment. Nerita eats microalgae (Eichhorst 2016), and Chicoreus is a versatile predator of 

mollusks and crustaceans, seeking, attacking and consuming a wide variety of prey from different 

components of the mangrove habitat (Tan and Oh 2003). We were not able to sample their feeding 

sources, consequently, we did not calculate any BCF for these two snails species. 

Table 4-1. Trace metal concentrations (expressed in µg g-1) in mangrove sediments of the Avicennia and the 

Rhizophora stands (data from the chapter 3). The data presenting the available concentrations (sum of 

exchangeable/carbonate bound, oxidizable and reducible fractions) and non-available concentration of each metal. 

Avicennia stand Rhizophora stand 

Element 
Depth 

(cm) 

mean 

concentration 

Available 

fractions 

Non-available 

fraction 
Element 

Depth 

(cm) 

mean 

concentration 

Available 

fractions 

Non-available 

fraction 

Fe 
0-5 52,590 12,103 40,487 

Fe 
0-5 45,554 15,470 30,084 

0-50 49,482 10,649 38,833 0-50 47,689 17,693 29,996 

           

Mn 
0-5 800 653.0 147 

Mn 
0-5 231 140.1 91.2 

0-50 530 377.1 153 0-50 279 178.6 101 

           

Co 
0-5 21.6 8.6 13.0 

Co 
0-5 21.6 10.1 11.5 

0-50 22.1 8.1 13.9 0-50 22.7 11.6 11.1 

           

Ni 
0-5 61.1 9.7 51.4 

Ni 
0-5 60.4 11.0 49.4 

0-50 62.5 8.6 53.9 0-50 60.5 11.7 48.8 

           

Cr 
0-5 97.3 16.0 81.4 

Cr 
0-5 88.7 22.9 65.8 

0-50 95.7 17.3 78.3 0-50 95.0 24.7 70.3 

           

As 
0-5 11.2 2.3 8.9 

As 
0-5 13.3 8.2 5.1 

0-50 11.6 3.3 8.3 0-50 14.8 8.3 6.6 

           

Cu 
0-5 17.9 2.7 15.3 

Cu 
0-5 20.7 5.8 14.9 

0-50 18.5 2.0 16.6 0-50 20.6 8.5 12.1 
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4.3. Results 

4.3.1. Plant tissues 

The mean concentrations of Fe, Mn, Co, Ni, Cr, As and Cu (µg g-1) in the roots and leaves of 

Avicennia and Rhizophora trees are presented in Table 4.2.  

The mangrove roots of the saplings and mature Avicennia trees showed similar distribution of 

metals concentrations, as follows Fe > Mn > Cu > Cr > As > Ni > Co. Fe, Mn and Cu 

concentrations were higher in the Avicennia sapling roots than in the mature ones. In the 

Rhizophora trees, the metals concentrations in descending order were Fe > Mn > As > Cr > Cu ~ 

Ni > Co in the saplings and were Fe > Mn > Cr > Ni ~ Cu > As ~ Co in the mature trees. Notably, 

Fe and As concentrations were higher in the roots of the Rhizophora saplings than in the mature 

ones (Table 4.2). Concerning metal bioconcentration factors (Table 4.3), most metals were 

characterized by low values, i.e. less than 1 in all mangrove roots, except Cu and As for the roots 

Avicennia saplings (i.e. BCF: 1.02 for As and 2.95 for Cu). 

Table 4-2. Metal concentrations in the different tissues of the Avicennia and the Rhizophora trees(saplings and 

mature trees), expressed in µg g-1 (mean, SD). The roots samples of trees were collected in the upper part of 50 cm 

depth of the sediments. 

Root          

  Depth(cm) 
Type of 

trees 
Fe Mn Co Ni Cr As Cu 

Avicennia 

< 50 Saplings 14,948 ± 239 376 ± 4 2.8 ± 0.06 5.1 ± 0.16 17.8 ± 0.11 11.9 ± 0.12 54.7 ± 1.8 

< 50 
Mature 

trees 
7,433 ± 308 217 ± 1.7 5.0 ± 0.13 5.8 ± 0.09 8.9 ± 0.42 7.5 ± 0.19 10.2 ± 0.29 

          

Rhizophora 

< 50 Saplings 19,897 ± 1265 60 ± 1.2 2.4 ± 0.05 5.0 ± 0.11 8.8 ± 0.25 12.7 ± 0.15 6.3 ± 0.12 

< 50 
Mature 

trees 
5,458 ± 145 57 ± 1.1 2.0 ± 0.01  5.4 ± 0.08 11.9 ± 0.33 2.0 ± 0.05 4.7 ± 0.13 

          

Leaves                   

  
Height of 

trees 

Type of 

trees 
Fe Mn Co Ni Cr As Cu 

Avicennia 

 Saplings  2,287 ± 39 583 ± 5 1.43 ± 0.01 3.18 ± 0.28 7.31 ± 0.22 0.61 ± 0.02 22.14 ± 0.30 

> 7 m 
Mature 

trees 
359 ± 21 908 ± 20  0.29 ± 0.10 1.09 ± 0.14 2.13 ± 0.29 0.30 ± 0.03 8.93 ± 0.30 

          

Rhizophora 

< 80 cm  Saplings 1,416 ± 50 267 ± 3 0.48 ± 0.02 1.60 ± 0.02 13.19 ± 0.79 0.40 ± 0.01 10.63 ± 0.55 

> 15 m 
Mature 

trees  
498 ± 21 405 ± 38 0.07 ± 0.03 0.70 ± 0.25 3.72 ± 0.30 0.14 ± 0.03 15.92 ± 0.80 
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The mangrove leaves presented the following abundance of trace metal concentrations in the 

Avicennia saplings: Fe > Mn > Cu > Cr > Ni > Co ~ As, and in the mature Avicennia trees Mn > 

Fe > Cu > Cr > Ni > Co ~ As (Table 4.2). The Mn presented higher concentrations in the leaves 

of mature trees than in the ones of saplings while the other metals (Fe, Ni, Cr, Cu, As and Co) 

showed opposite distributions. In the Rhizophora trees, the trace metal concentrations were in the 

order Fe > Mn > Cr ~ Cu > Ni > Co ~ As in the saplings and Fe > Mn > Cu > Cr > Ni > As ~ Co 

in the mature trees. The Mn and Cu concentrations were higher in the leaves of the mature trees 

than in the young ones while Fe, Co, Ni, Cr and As presented opposite accumulation. The 

bioconcentration factors were lower than 1 for most metals, with the exception of Mn in both 

saplings and mature leaves of the two mangrove species, and of Cu in sapling leaves (Table 4.3).  

Table 4-3. Bioconcentration factors (BCF = metal concentration in tissues/ metal concentration in sediment of the 

various plants developing in the studied mangrove in Can Gio,Viet nam. 

BioConcentration 

 Factor          

Root Depth (cm) 
Type of 

trees 
Fe Mn Co Ni Cr As Cu 

Avicennia 

< 50 Saplings 0.30 0.71 0.13 0.082 0.19 1.02 2.95 

< 50 
Mature 

trees 
0.15 0.41 0.23 0.093 0.093 0.64 0.55 

          

Rhizophora 

< 50 Saplings 0.42 0.22 0.11 0.082 0.092 0.86 0.31 

< 50 
Mature 

trees 
0.11 0.21 0.09 0.090 0.13 0.13 0.23 

                   

Leaves 
Height of 

trees 

Type of 

trees 
Fe Mn Co Ni Cr As Cu 

Avicennia 

 Saplings   0.046 1.10 0.065 0.051 0.076 0.052 1.19 

> 7 m 
Mature 

trees 
0.007 1.71 0.013 0.018 0.022 0.026 0.48 

          

Rhizophora 

< 80 cm Saplings  0.031 1.15 0.022 0.026 0.15 0.030 0.51 

> 15 m 
Mature 

trees 
0.011 1.58 0.003 0.011 0.039 0.009 0.77 
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The metal translocation factors (TF) were higher than 1 for Mn, Cu in the sapling and mature 

Rhizophora trees, Cr in the Rhizophora saplings while it was lower than 1 for other metals and 

tissues (Table 4.4). 

Table 4-4. Translocation factors (TF = metal concentration in leaves/ metal concentration in roots) of the various 

plants developing in the studied mangrove in Can Gio, Viet nam. 

Translocation  

Factor 

Height of 

tree 
Type of trees Fe Mn Co Ni Cr As Cu 

Avicennia 
 Saplings   0.15 1.55 0.51 0.62 0.41 0.051 0.40 

> 7 m Mature trees 0.048 4.19 0.058 0.19 0.24 0.040 0.88 

          

Rhizophora 
< 80 cm Saplings 0.071 4.43 0.20 0.32 1.51 0.031 1.69 

> 15 m Mature trees 0.091 7.07 0.038 0.13 0.31 0.068 3.37 

4.3.2. Snails 

The mean concentrations of Fe, Mn, Co, Ni, Cr, As and Cu (µg g-1) in snails soft tissues are 

given in Table 4.5. All snails presented higher concentrations in Fe, Mn and Cu than in As, Ni, Cr 

and Co. The Chicoreus capucinus presented metal concentrations in the following order: Fe > Cu 

> Mn > As > Ni ~ Cr ~ Co with some difference of concentrations between the Avicennia and the 

Rhizophora stands. The Nerita articulata showed similar metal abundance beneath the two 

mangrove zones: Fe > Mn > Cu > As ~ Ni ~ Cr > Co. Conversely, trace metals concentrations in 

Littoraria melanostoma and Cerithidea obtusa presented different abundance in metals 

concentrations depending on their habitat. The metals in Littoraria melanostoma beneath the 

Avicennia stand were Mn > Fe > Cu > As > Ni ~ Cr ~ Co, while beneath the Rhizophora stand 

they were Fe > Mn ~ Cu > As > Ni ~ Cr ~ Co. The metals in Cerithidea obtusa were: Mn > Fe > 

Cu > Ni ~ As > Co > Cr beneath the Avicennia stand, while they were Fe > Mn ~ Cu > Ni ~ As > 

Cr > Co beneath the Rhizophora stand. 
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Table 4-5. Metal concentrations in soft tissues of various snails (expressed in µg g-1): Checoreus (predator), 

Littoraria (leaves eater), Cerithidea (sediment eater) and Nerita (algae eater). 

Mangrove stand Species 
Length 

 (cm) 

Width  

(cm) 
Fe Mn   Co   Ni   Cr   As   Cu   

Avicennia 

Chicoreus 2.5 - 4 1 - 1.5 536 ± 40 139 ± 10 0.88 ± 0.11 1.52 ± 0.16 1.11 ± 0.17 10.9 ± 1.1 481 ± 38 

Littoraria 1.5 - 2.5 1 - 2 714 ± 95 766 ± 29 1.04 ± 0.03 2.14 ± 0.08 0.61 ± 0.12 3.64 ± 0.17 120.6 ± 9.1 

Cerithidea 2 -4 1 - 1.5 360 ± 44 780 ± 81 2.64 ± 0.26 5.93 ± 0.44 0.70 ± 0.11 4.32 ± 0.88 113.9 ± 5.7 

Nerita 2 - 2.6 1.5 - 2 271 ± 26 42.5 ± 2.6 0.20 ± 0.13 1.16 ± 0.15 0.90 ± 0.25 2.83 ± 0.22 7.84 ± 0.65 

           

Rhizophora 

Chicoreus 3 - 4 1.5 - 2.5 885 ± 80 119 ± 11 1.14 ± 0.03 2.07 ± 0.12 1.27 ± 0.31 14.3 ± 2.2 389 ± 13 

Littoraria 1.5 - 3 1 - 2 1,517 ± 120 201 ± 20 1.41 ± 0.02 3.34 ± 0.30 2.5 ± 1.3 5.39 ± 0.25 163 ± 17 

Cerithidea 3 - 4 1 - 1.2 338 ± 29 158 ± 16 0.99 ± 0.09 6.15 ± 0.74 1.58 ± 0.41 6.95 ± 1.15 120 ± 20 

Nerita 1.8 - 2.5 1.2 - 1.5 795 ± 82 96 ± 14 0.88 ± 0.27 3.58 ± 1.74 5.99 ± 1.43 6.45 ± 1.69 16.6 ± 0.9 

The bioconcentration factors of all metals are presented in Table 4.6. The BCF of each metal 

varied between snail species. The BCF of Fe ranged from 0.02 to 1.58, with the highest value for 

Littoraria collected beneath the Rhizophora stand. The BCF of Mn varied from 0.6 to 1.13, with 

the highest value for Cethididea in the Rhizophora zone. The BCF of Cu in all snail species ranged 

from 7.7 to 42.8, with highest value for Cerithidea in the Avicennia zone. Arsenic also showed 

high amplitude in BCF, ranging from 0.85 to 20.1, with the highest values in Littoraria collected 

beneath the Rhizophora zone. The Co and Ni presented same BCF range from 0.1 to 5.09 for Co 

and 0.56 to 2.9 for Ni, with the highest BCF observed in the Littoraria collected beneath the 

Rhizophora stand. Finally, BCF of Cr was basically lower than 1 for all snails whatever the stands, 

ranging from 0.04 to 0.3. 

Table 4-6. Bioconcentration factors (BCF = metal concentration in soft tissues/ metal concentration correspond to 

metal concentration in feeding of individual type) of various snails in the Can Gio mangrove. 

Mangrove stand Species Length (cm) 
Width 

(cm) 
Fe Mn Co Ni Cr As Cu 

Avicennia 
Littoraria (leaves eater) 1.5 - 2.5 1 - 2 0.54 1.05 1.21 1.00 0.13 8.03 7.77 

Cerithidea (sediment eater) 2 -4 1 - 1.5 0.03 1.22 0.31 0.61 0.04 1.88 42.8 

           

Rhizophora 

Littoraria (leaves eater) 1.5 - 3 1 - 2 1.58 0.60 5.09 2.90 0.30 20.10 12.29 

Cerithidea (sediment eater) 3 - 4 1 - 1.2 0.02 1.13 0.10 0.56 0.07 0.85 20.74 



   

 

106 
 

4.4. Discussions  

4.4.1. Trace metal bioaccumulation in Avicennia and Rhizophora mangrove tissues 

4.4.1.1  Essential elements: Fe, Mn, Cu 

Iron is an important component of chlorophyll, being useful for protein synthesis and root 

growth (Jones Jr et al. 1991). In the present study, despite low bioconcentration factors (BCF), Fe 

was the most abundant element in the roots whatever the mangrove species, reaching up to 19,897 

µg g-1 (Table 4.2). These mean iron concentrations in Can Gio mangrove root’s tissues were 

substantially higher than other mangrove on the world like in roots of Avicennia marina in Indian 

mangroves (Kathiresan et al. 2014). We suggest that the measured high iron concentrations in the 

mangrove roots resulted from the high iron concentrations measured in the sediments (Table 4.1) 

and in the pore-waters (see Chapter 3) (e.g. where it can be highly bioavailable (Abohassan 2013)), 

as observed for Avicennia marina and Rhizophora stylosa in New Caledonian mangroves, where 

the mangrove sediments are rich in iron because these ecosystems develop downstream of lateritic 

sediments (Marchand et al. 2016). However, if the concentrations were high in the roots, the 

translocation factors to the leaves were low for this element (Table 4.4), suggesting that the root 

acted as a barrier preventing iron translocation to aerial parts. Machado et al. (2005) suggested that 

the seedlings of mangrove species can exclude some trace metals through iron plaque formation 

on the roots. The oxygen released by the roots of some mangrove species may promote oxidizing 

conditions within the rhizosphere that result in trace metal precipitation at the root surface, creating 

iron-rich root coatings, generally called iron plaques (Chaudhuri et al. 2014, Koch and 

Mendelssohn 1989, Zhou et al. 2011). Machado et al. (2005) also demonstrated that the washing 

of the roots prior analysis influences the fixation of the iron plaque on the roots: in contrary to 

distilled water, the dithionite–citrate–bicarbonate (DCB) solution is able to extract the iron plaque 

from the roots. Considering that we only washed the roots with deionized water, the presence of 
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iron plaques at the root surface may be a possible explanation for the elevated iron concentrations 

in the Can Gio mangrove tree’s roots. For the mature trees, Fe concentrations were higher in the 

Avicennia roots than in the Rhizophora ones which may be the results of the higher Fe 

concentrations both in the solid and the dissolved phases in the sediment beneath Avicennia stand 

(see in chapter 3). Also, the Avicennia root system is known to release oxygen (Marchand et al. 

2004, Scholander et al. 1955) which may in return increase the iron plaque precipitation. Notably, 

whatever mangrove species, the Fe concentrations in leaves of saplings presented higher values 

than the mature ones despite the roots of saplings contained higher Fe concentrations (Table 4.2). 

We suggest that iron plaque may be a source of Fe for plants uptake by bacterial reductive 

dissolution of plaque during OM decay processes on death roots surface. Additionally, the root 

system of the saplings may develop in the upper layer, and not as deep as the one of the mature 

trees. This upper layer is more subject to variations in the redox conditions, and possibly to 

enhanced alternation of precipitations/dissolution processes. Consequently, trace metals, and 

specifically iron, may be more available at the level of the saplings’ roots. Eventually, is it possible 

that the adaptation strategy of the mangrove trees were not fully develop at the sapling stage, and 

that consequently the role of barrier of the root system may be limited.   

Manganese is as a major contributor to various biological processes, including photosynthesis 

(Millaleo et al. 2010). In the Can Gio mangrove, whatever the plants species, Mn was the second 

abundant element in their tissues, with average concentrations in the range of those measured 

worldwide in mangroves (see review of Lewis et al. (2011) and Bayen (2012)). Conversely to Fe, 

Mn accumulated more in the leaves than in the roots (Table 4.2), as observed in New Caledonia 

by Marchand et al. (2016). The TF values and Mn concentrations in plants tissues measured in this 

New Caledonia (e.g. maximum TF: 4.08) were lower than in the present study (e.g. TF reached up 
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to 7.07). We suggest that the high dissolved Mn concentrations measured in the pore-waters and 

the difference of Mn partitioning in the mangrove sediments may be responsible of the elevated 

values measured in the present study. Within the top 50 cm of the sediments in Can Gio mangrove, 

approximately 60 % of Mn was associated with the bioavailable fractions whereas in New 

Caledonia, 90 % of Mn was bound to the refractory fraction, preventing its transfer to mangrove 

plants (Marchand et al. 2016). We remind that Mn was the only metal potentially presenting an 

ecological risk due to its high bioavailability (ratio of metal concentrations in the bioavailable 

fractions (exchangeable/carbonate bound) to the total trace metal concentrations) (see Chapter 3 

of this thesis). Since high Mn TF were already reported for Rhizophora, we suggest that it may be 

related to metabolic requirements, this element playing an important role in enzymes reactions is 

also needed for water splitting at photosystemII (McEvoy and Brudvig 2006). Consequently, the 

Rhizophora trees have a high potential for Mn phytoextraction.  

Regarding copper, it is known as an essential element for plants growth, being required in 

enzyme system related to photosystemII electron transport, mitochondria and chloroplast reaction, 

carbohydrate metabolism, cell wall lignification and protein synthesis (Yruela 2009). The Cu 

concentrations in plant tissues measured in this study were in the range of those measured in other 

mangroves (Bayen 2012) like in China (He et al. 2014), in southern Brazil (Madi et al. 2015), or 

in Indonesia (Martuti et al. 2016). We observed that the Cu partitioning in sediments of the Can 

Gio mangrove was mainly related to sulphide precipitation and to its complexation with organic 

compounds (see in chapter 3 of this thesis). Thus, we suggest that the low Cu concentrations 

measured in the mangrove roots may be related to Cu association with sulphide, which limit its 

bioavailability. However, this element presented the second highest TF values, beside Mn, with 

TF reaching 1.69 for mature Avicennia trees and 3.37 for mature Rhizophora ones. MacFarlane 
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and Burchett (2002) showed that Cu can be toxic to plants growth if its concentration in the 

sediments exceeds 400 µg g-1, which is almost 20 times higher than the concentrations measured 

in the Can Gio mangrove sediments. Consequently, we suggest that the high Cu TF values results 

from specific metabolic requirements (Baker 1981, Dudani et al. 2017) as Cu has a direct impact 

on photosynthesis I, being a constituent of plastocyanin, which is involved in the photosynthetic 

electron transport chain (Maksymiec 1998). 

4.4.1.2 Non-essential elements: As, Ni, Cr, Co    

In the Can Gio mangrove trees, the non-essential elements such as As, Ni, Cr and Co mainly 

accumulated in the roots (Table 4.2), with low translocation to the leaves (Table 4.4). This 

phenomenon may result from different mechanisms developed by mangrove trees to prevent the 

uptake of toxic elements and to limit their transport within the plants (Almeida et al. 2006), notably 

through cell wall immobilization and/or sequestration in the epidermal layers (MacFarlane et al. 

2007). They, thus, accumulate in the perennial tissues, especially the roots (Carbonell et al. 1998, 

Zhou et al. 2011).  

Concerning Arsenic, some forms can be subject to plant uptake, involving arsenites-As(III) 

and arsenates-As(V) (Asher and Reay 1979). However, arsenites can be toxic for radicular 

membranes because of As reaction with sulfhydryl groups in proteins, causing disruption of roots 

functions and cellular death (Speer 1973, Wu et al. 2015). In the present study, arsenic 

concentrations in the mangrove tissues were higher than in most mangrove forests, like in the 

Indian Sundarban (Chowdhury et al. 2015), or in the Chinese Futian (He et al. 2014). Arsenic was 

also characterized by higher BCF in the roots, specifically in the Avicennia forest. These results 

may be related to the high As concentrations in bioavailable fractions in the Can Gio mangrove 

sediments (Table 4.1). In Vietnam, soils are naturally rich in As (Gustafsson and Tin 1994, Nguyen 

et al. 2016), which may explain its accumulation in mangrove sediments and then its transfer to 
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mangrove roots. We suggest that As may be incorporated into iron plaque at the roots surface, 

which restricted As transfer to aerial parts. This hypothesis is supported by a positive correlation 

between the concentrations of Fe and As in the roots (i.e. r = 0.91). Like for iron, As was more 

bioavailable beneath the Rhizophora stand, where the sediments were more enriched in organic 

matter and the oxidizable fraction represented up to 36 % of total As concentrations. However, As 

BCF was higher for the Avicennia than for Rhizophora roots, which comforts our hypothesis of 

enhanced plaque formation in the Avicennia rhizosphere due to specific redox conditions resulting 

from oxygen release by the roots. Similar to Fe, As concentration in sapling leaves of both 

Avicennia and Rhizophora species were higher than for mature ones. We suggest that the As 

incorporated in iron plaque may be a As source for plant uptake from Fe reductive dissolution by 

bacteria during organic matter decay processes of death roots tissues. The uptake of As by 

mangrove leaves may occur at the same time with Fe (i.e. a positive correlation was observed 

between As and Fe in the leaves, r = 0.91). And again, the extension of the root system in the upper 

layer and possibly the less developed adaptation strategy of saplings may also be responsible for 

the transfer of trace metals to saplings’ leaves. 

Regarding Ni and Cr, their concentrations in the plant tissues of the Can Gio mangrove trees 

were in the range of those presented in the review of Lewis et al. (2011) but lower than measured 

in the Indian Sundarban mangroves (Chowdhury et al. 2017) or in New Caledonia (Marchand et 

al. (2016). In the later environments, the authors reported higher Ni concentrations in mangrove 

tissues, with values up 700 µg g-1 due to high Ni concentrations in mangrove sediments resulting 

from the proximity of lateritic soils enriched in Ni. Thus, we suggest that the moderate Ni and Cr 

concentrations measured in the Can Gio mangrove plants may result from their bound to the 

refractory fraction (i.e. more than 80 %), as demonstrated by Weis and Weis (2004). For plants, 
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Ni is a micronutrient which is required at very low concentration (Gajewska and Skłodowska 

2007) and which can inhibit plant growth at high concentration (Rao and Sresty 2000). The effect 

of Ni on plants varies according to plant species as well as the Ni concentration in sediment; one 

example of its toxic symptom is chlorosis or yellowing of the leaves (Mishra and Kar 1974). The 

Cr is also toxic for plant growth (Shanker et al. 2005). When mangrove seedlings are exposed to 

excessive Cr concentrations, their roots would be shortened, and their height and biomass would 

be limited (Fang et al. 2008). However, considering the low BCF and the low concentrations 

factors for these metals in the Can Gio mangrove trees, their impact on plant growth is probably 

limited. The Cr concentrations in the roots of Rhizophora trees was lower despite that its 

bioavailable amount was higher than in the Avicennia (Table 4.1). This phenomenon, supported 

by higher TF values in the Rhizophora trees, may be related to a more intense phytoextraction of 

Rhizophora species. In addition, Cr TF in young Avicennia and Rhizophora trees was higher than 

in mature ones which may be due to the shorter distance in translocation of saplings than mature 

trees. Similar result was also observed for Ni (Table 4.4).  

The Co is a micronutrient, which can be used in redox processes to stabilize molecules through 

electrostatic interactions as components of various plant enzymes. However in excess, it can be 

toxic, inducing enzyme modification, disturbing cellular function (Palit et al. 1994). In the present 

study, Co concentrations in the tissues of the different mangrove species were higher than in 

mangroves in Australia (Nath et al. 2014), in French Guiana (Marchand et al. 2006b), or New 

Caledonia (Marchand et al. 2016). We suggest that the high Co concentrations in the Can Gio 

mangrove plants may result from its high concentrations in the bioavailable fractions in the 

sediments, reaching up to 44 % (Table 4.1). However if the Co concentrations in the roots were 

relatively high, TF were lower than 0.5 (Table 4.4), which suggest its limited physiological role 
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and/or the fact that the roots acted as a physical barrier. As a consequence, the present study 

showed a narrow range of Co level in the leaves (i.e. 0.07 to 1.43 µg g-1). The BCF values of Co 

in the tissues of Avicennia were much higher than in the Rhizophora, which may reflect the specific 

physiological requirements of the trees considering that its bioavailability was higher beneath 

Rhizophora stand (Table 4.1).        

4.4.2. Trace metal bioaccumulation in snails 

In the Can Gio mangrove forest, whatever the snails species and their habitat, Fe, Mn and Cu 

were the most abundant trace metals in their soft tissues, while non-essential elements (Ni, Cr, Co 

and As) presented lower concentrations (Table 4.5). Previous studies showed that soft tissues of 

mollusks accumulated higher concentrations of Cu and Fe than in the shells because of specific 

physiological requirements (Szefer et al. 1999, Vukašinović-Pešić et al. 2017, Yap and Cheng 

2009). In fact, Fe, Mn and Cu play important roles in metabolic biomolecules like enzymes or 

metalloenzymes (Langston et al. 1998, Rainbow 1997). Snails also need elevated amount of Cu, 

being a constituent of hemocyanin (Dallinger et al. 2005). Conversely, the other elements studied 

can be toxic, inducing growth retardation, edema and thinning of the shell (Factor and de Chavez 

2012). Similar results were reported concerning snails and different mollusks in mangroves in 

Malaysia (Yap and Cheng 2013), in India (Palpandi and Kesavan 2012), in Costa Rica (Vargas et 

al. 2015), or in Senegal (Sidoumou et al. 2006).  

We also suggest that the different metal amount in the food sources and feeding habits of 

individual snail affect the degree and extent of heavy metal accumulation in their tissues. The snail 

Cerithidea, a sediment eater, exhibited higher metals concentrations in their tissues in the 

Rhizophora stand than in the Avicennia one, except Mn and Co. This result could result from 

higher metal concentrations in the available fractions in sediments in the Rhizophora stand (Table 

4.1). We evidenced that because of the enhanced sediment organic enrichment beneath the 



   

 

113 
 

Rhizophora stand, reductive dissolution of Fe-Mn oxihydroxides by bacteria for organic matter 

decay processes was a source of dissolved trace metals in pore-waters, these metals being more 

bioavailable. As a consequence, trace metals concentrations in Cerithidea tissues in the present 

study were far higher than those measured in other mangroves (Joseph and Ramesh 2016) or 

estuary with strong anthropogenic pressure (Kesavan et al. 2013). Concerning Littoraria, a leaf 

eater, we suggest that the higher metals concentrations (except Mn), combined to higher BCF 

(Table 4.6), in snails tissues in the Rhizophora stand than the Avicennia one (Table 4.5) is likely 

related to the higher trace metals concentrations in the Rhizophora leaves than the Avicennia ones 

(Table 4.2). In addition, Littoraria presented the highest concentrations Fe and Mn in their tissues 

of all snail species in the Can Gio mangrove. This result may suggest that leaf eater may be more 

sensitive to metals accumulation or than metals in leaves are more bioavailable. In addition, 

Litoraria in the present study showed higher Fe and Mn concentrations than those measured in 

Littoraria scabra collected from a polluted mangrove (De Wolf and Rashid 2008). Chicoreus, a 

predator of barnacles, bivalves and other gastropods (Berandah et al. 2010), presented the highest 

Cu concentrations, which may result from copper biomagnification via their food chains because 

Cu is known to be very compatible with protein binding in organisms (Jiang and Qiu 2009). Cu 

biomagnification in snails body is usually observed, and they are considered as 

“macroconcentrators” species for Cu (Nica et al. 2012). However, concerning Nerita, the 

microalgae eater, Mn and Cu concentration in their tissues were lower than those in other species 

whatever the  mangrove stands, and were lower than those measured in Nerita living in other 

mangroves like in Malaysia (Yap and Cheng 2013) or Southeast coast of India (Palpandi and 

Kesavan 2012). This result may be related to low Mn and Cu accumulation in microalgae in Can 

Gio mangrove. Unfortunately, in the present study, we were not able to measure trace metal 
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concentrations in microalgae. Considering the key role of microphytobenthos in mangrove trophic 

food chain, we suggest that further investigation should be carried on trace metals accumulation 

in these microalgae.  

Eventually, among non-essential elements, all snails contained high quantity of As, which can 

result from its availability in their diet, and snails’ ability to metabolize it and retain it (Kirby et 

al. 2002, Zhang et al. 2013). As also presented the highest BCF whatever the snail species (Table 

4.6). In the Can Gio, dissolved As concentrations in mangrove pore-waters reached almost 20 µg 

L-1. In addition in the Rhizophora stand, characterized by higher organic content, the organic 

fraction, being bioavailable, represented up to 36% of total As concentrations (See chapter 3 of 

this thesis). Khokiattiwong et al. (2009) studied two gastropod species (Chicoreus capucinus and 

Telescopium telescopium), and they showed that Chicoreus, as a predator, contained more As than 

the detritus and algae eater species, Telescopium. In the Can Gio, we also observed that Chicoreus 

contained the highest As concentrations in their body (2 to 4 fold higher level tissues than other 

snail species), which may be related to his predator diet and magnification along food chain 

(Goessler et al. 1997).       

According to Dallinger (1993), snail tissues can be classified in macroconcentrators (BCF > 

2), microconcentrators (1< BCF < 2) or deconcentrators (BCF < 1). Thus, the Littoraria and 

Cerithidea can be classified as macroconcentrators for Cu. The Littoraria was macroconcentrators 

for As, Co and Ni. Conversely, all snails were deconcentrators to microconcentrators for Mn and 

Fe. Due to negative effects of heavy metals on community structure, gender, size of snails (Amin 

et al. 2009, Yap and Cheng 2013). The results obtained in the present study provided a further 

claim that these snails can be used as good bioindicators/ biomonitors for environmental quality 

(Samsi et al. 2017).  
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4.5. Conclusions  

Trace metals accumulation in the tissues of mangrove plants and snails studied in Can Gio 

mangrove reflected their concentrations in the sediment, their bioavailability, and specific 

adaptation strategies or physiological processes. We suggest that the formation of iron plaque on 

roots by oxygen release in the rhizosphere may be main factor preventing Fe and As translocation 

to the aerial parts. Consequently, mangroves roots can be considered as “phytostabilizator”, 

immobilizing trace metals and limiting their transfer. Co exhibited higher concentrations in roots 

and leaves than world average, but with low BCF and TF. These results may be related to high 

concentrations in available forms in the sediment, and to specific physiological processes to limit 

the toxicity of this element. Conversely, Mn and Cu presented high translocation factors, possibly 

due to physiological requirements, being both useful in photosynthetic processes, and enhanced 

bioavailability in the sediment. We also suggest that the Rhizophora trees have a high potential for 

Mn “phytoextraction”. Ni and Cr were characterized by low BCF and TF whatever the mangrove 

plant, which may result from their low bioavailability in the sediment and from the limited 

physiological roles of those elements.    

The great variability of studied metals concentrations in the various snails indicated that trace 

metals accumulation depended not only on metal characteristics (i.e. physiological properties and 

biological functions), and metabolic requirements of each species but also on available 

concentrations of these metals in their food. Fe, Mn and Cu, which are essential elements, 

presented higher concentrations in all snail tissues than As, Ni, Cr and Co, which can be toxic. 

Most of the snails living in the Rhizophora stand presented higher level of trace metals 

concentrations (except Mn and Co) than those living in the Avicennia stand, specifically for 

Littoraria and Cerithidea, due to higher concentrations of trace metals in the leave or in the 

bioavailable fraction in the sediment. Concerning the predators, Chicoreus, possible 
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biomagnification of Cu via the food chain induced elevated Cu concentrations in their tissues. In 

this study, we also measured that all snails contained high amount of As, most probably because 

it is highly bioavailable in mangrove sediments. Eventually, most snails can be classified as 

“maroconcentrators” of some trace metals such as Cu, As, Co and Ni. Because of their potential 

toxic effects, a further study should be performed to assess the possibility of using snails as 

bioindicators of environmental quality. 
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5. Chapter 5 - Trace metals dynamic in a tropical mangrove 
tidal creek, influence of pore-water seepage 

 

 

Highlights: 

- Trace metals geochemistry was studied in the tidal creek of the Can Gio mangrove forest 

- During ebb tides, dissolved trace metals were exported from mangrove sediments 

- Mangroves can be a great source of dissolved Mn for adjacent ecosystems 

- In the tidal creek, particulate Fe precipitated and was exported to the estuary 

- Seasons and type of tides influenced pore-water seepage 

 

Keywords: Trace metals; Mangroves; Tidal flushing; Ecological risk; Vietnam 
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ABSTRACT 

Mangrove sediments are considered as sinks for trace metals, protecting coastal waters from 

pollutions. However, the fate of trace metals in mangroves is complex due to various 

biogeochemical processes across the intertidal zone, and notably the dissolution of some bearing 

phases resulting in high trace metals concentrations in mangrove pore-waters. Previous studies 

demonstrated a decrease of trace metals stocks in mangrove sediments due to the export of 

dissolved metals through tidal pumping. Can Gio is a tropical mangrove, being the largest one in 

Vietnam, and developing just downstream Ho Chi Minh City (Viet Nam’s biggest industrial city). 

The objectives of this study were to characterize trace metals dynamics in a tidal creek of the Can 

Gio mangrove, and to identify the role of pore-water seepage on these dynamics. At high tide in 

the creek, trace metals concentrations, both in the dissolved and the particulate phases, were in the 

same range that those measured in Can Gio estuary, being thus considered as an end-member of 

the system. Then during the ebb, we clearly evidenced high inputs of dissolved Fe, Mn, Co and Ni 

from mangrove sediments, being the second end-member of the system. However, the fate of these 

inputs differed depending on the element considered. We suggest that Mn was exported from the 

tidal creek in its dissolved form. However for iron, and possibly to a lesser extent for Co and Ni, 

we suggest that, when they were delivered in the creek under dissolved forms, precipitation 

occurred because of different physico-chemical characteristics between mangrove sediments and 

tidal creek, notably higher DO and higher pH. Consequently, these elements were exported to the 

estuary under particulate forms. This study confirms that if mangroves can act as sinks for trace 

metals, they can also be sources of both dissolved and particulate trace metals for adjacent 

ecosystems. Consequently, we suggest that trace metals budget studies in mangroves should be 

developed like the ones concerning carbon, in order to efficiently determine their role of barrier 

for pollutants between land and sea.  
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5.1. Introduction 

One of the most important functions of mangroves is trapping sediments and suspended solids, 

with their load of trace metals, originating from upstream soils, rocks or anthropogenic activities 

(Furukawa et al. 1997, Tam and Wong 1999, Wolanski 1995). Mangroves are, thus, considered as 

efficient barriers between land and sea, being sinks for trace metals and protecting coastal waters 

from pollutions. However, this ability may depend on sediment characteristics and hydrology 

(Kaly et al. 1997). The fate of trace metals in mangroves is complex due to various biogeochemical 

processes across the intertidal zone (Marchand et al. 2011a, McKee 1993, Noël et al. 2015). 

Numerous physico-chemical parameters, such as redox, pH, sulfides, and salinity can influence 

the distribution of trace metals between solid and liquid phases in the sediment, and their transfer 

at the sediment-water interface (Patrick and Jugsujinda 1992, Van Ryssen et al. 1998). Because of 

metal toxicities to mangrove biodiversity and also to human health, their cycling is a serious 

question addressed by many authors during the last few decades (Clark et al. 1998, Ferreira et al. 

2007, Lacerda et al. 1988) and nowadays (Marchand et al. 2016, Xiao et al. 2015). In most of the 

published studies, authors focused on trace metal distributions and dynamics between sediments, 

pore-waters and plants. Only few and recent publications showed the transfer of trace metals from 

mangrove soils to tidal creeks through tidal pumping and pore-waters seepages (Holloway et al. 

2016, Sanders et al. 2015). Tidal pumping induces advective flushing of permeable sediments and 

the transport of organic and inorganic products to the open water column (Maher et al. 2013). In 

New Caledonia, some studies demonstrated a decrease of the stocks of Fe, Ni and P in mangrove 

sediments from the landside to the seaside of the mangrove due to a more reactive substrate that 

lead to increased dissolution of metals bearing phases, and probably to the export of dissolved 

metals through tidal pumping (Deborde et al. 2015, Marchand et al. 2016, Noël et al. 2014). In the 

Chapter three of this thesis, we also observed a decrease of total metal concentrations in the 



   

 

122 
 

mangrove stands compared to mudflat. Thus, studies dealing with the export of trace metal via 

pore-waters discharges in mangrove system are highly relevant, and may be useful to decipher the 

roles of mangroves as sinks or sources of trace metals along coastal environment.         

Within this context, we were interested in trace metals dynamics in a mangrove tidal creek of 

the Can Gio mangrove. The objective of our study was to understand the variability of trace metals 

(Fe, Mn, Co, Ni) concentrations and distributions between the particulate and the dissolved phases 

as a function of tides and seasons in a tidal creek. We were also interested in the relationships 

between physico-chemical parameters (pH, salinity, dissolved oxygen, dissolved organic carbon, 

particulate organic carbon, total suspended solid) and trace metals behaviors. Our main hypothesis 

was that dissolved metal concentrations in the tidal creek will increase during the ebb tide as a 

result of inputs from mangrove soils. To reach our goals, we collected suspended matters and 

waters every two hours during 24 h at different tidal cycles and in distinct seasons (dry and rainy). 

Physico-chemical parameters of the water column were also monitored continuously during the 24 

h cycles, and groundwater tracer (222Rn) was measured during the wet season.  

5.2. Materials and Methods 

5.2.1.  Study site 

Can Gio mangrove, 35,000 ha, represents 20% of the total mangrove area in Vietnam, and is 

situated just downstream Ho Chi Minh City (Viet Nam’s biggest industrial city). The studied tidal 

creek, without any direct fresh-water inputs than rain, is situated in the core zone of Can Gio 

mangrove (10°30.399N-106°52.943E), and is its length is approximately 1,400 m (Fig. 5.1). The 

main economic activities of the local people in Can Gio are forest managements, aquacultures, 

fishing and salt production (Kuenzer and Tuan 2013). The mangrove forest covers over 40 % of 

the Can Gio district while rivers, creeks and water areas of the land – ocean cover 30 % involving 
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a complex estuarine system, where the Sai Gon, Dong Nai and Vam Co Rivers discharge into the 

South China Sea.  

Can Gio mangrove is considered as one of the most beautiful mangrove forest of Southeast 

Asia, and is usually classified as “Mangrove afforestation and re-forestation area” (Blasco et al. 

2001), and has been declared as a World’s Biosphere Reserve by the UNESCO since 2000. The 

area of the reserve extends for 35 km from North to South and 30 km from East to West, 

comprising mostly a flat alluvial plain area with a basement of Neogene to Quaternary sediments 

below 3 m depths (Hirose 2004). The tidal regime is irregular semi-diurnal. The climate is typical 

of monsoonal zone with two distinct seasons, in which the dry season starts in November and lasts 

until the end of May, the wet season starts from the end of May until the end of October. The 

annual mean precipitation is about 1,300 to 1,400 mm, with ~ 90 % of the precipitation falling 

during the wet season and the annual mean temperature ranges from 26.5 °C to 30 °C. Can Gio 

Mangrove Biosphere Reserve has a high biodiversity with more than 200 species of fauna and 52 

species of flora, the main mangrove species being Rhizophora apiculata  and Avicenia alba, 

(Luong et al. 2015).   
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Filtration for the determination of total suspended solid (TSS) and future measurements of 

particulate organic carbon (POC), and dissolved organic carbon (DOC) were also simultaneously 

carried out as follows: water samples were filtered through pre-combusted and pre-weighted glass 

fiber filters (Whatman® GF/F 0.7 µm). Filters were stored at -20 oC, and the filtrates were 

transferred into sterile 15 mL polypropylene and then acidified using concentrated suprapur® HCl 

and stored at 4 oC until DOC analysis (Thanh-Nho et al. 2018).  

Between the two 24-h time series (per sampling period), mangrove pore-waters were collected 

across two elevation/land cover transects, extending from the mangrove towards the tidal creek. 

Three holes beneath each zone, i.e. R. apiculata, A. alba, mudflat, were dug to approximately 1 m 

depth at low tide, using an Eijkelkamp gouge auger. The holes were purged at least two times with 

a hand pump, before sampling. All samples were filtered through 0.45 µm Sartorius® filter, kept 

in pre-cleaned 50 mL polypropylene and were then acidified to pH < 2 by concentrated suprapur® 

HNO3 (Merck), and stored at 4 oC until analysis. 

5.2.3. In situ measurements of physico-chemical parameters  

Surface water salinity and pH were logged continuously using a multi-probe (Yellow Spring 

Instrument® meters YSI 6920). The pH probe was pre-calibrated using buffer solutions: 4, 7 and 

10 (NIST scale). Dissolved Oxygen (DO) was monitored with a HOBO Dissolved Oxygen data 

logger (HOBO U26-001). These probes were immerged 50 cm below the water sruface and data 

were recorded every 5 min. Water level profile were measured using Hondex PS-7. 

Three sediment cores (1 m depth) beneath each stand were collected using an Eijkelkamp 

gouge auger in the different stands for in-situ measurements of soil pH and salinity. For each 

parameter, the value was recorded every 10 cm. pH was measured using a glass electrode (pH 

3110-WTW), which was pre-calibrated using pH 4, 7 and 10 standard buffer solution (NIST scale). 
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Salinities were determined using an ATAGO refractometer (S-10, Japan) after extracting a drop 

of pore-water from each sediment layer. 

222Rn is considered as a natural groundwater tracer, being widely used to quantify pore-water 

exchange in mangrove system (Maher et al. 2013, Tait et al. 2016). 222Rn concentrations in water 

were measured during the wet season only, with the same equilibration technique, but using a 

showerhead equilibrator. The head-space gas was streamed into an automated 222Rn-in-air analyzer 

with the Rad Aqua package installed (RAD 7, Durridge Co.) (Burnett et al. 2001). The 222Rn 

monitor logged data at 30 min intervals, resulting in analytical uncertainty <10% for individual 

concentrations, except during the first three hours when the analytical uncertainty was 30%. 

5.2.4. Samples analysis 

Dissolved metals concentrations (MD) 

The MnD, CoD and NiD concentrations were analyzed after matrix separation and pre-

concentration by solid–liquid extraction, using 6 mL DigiSEP Blue® cartridges (SCP SCIENCE), 

with amino–di–acetate as the functional group. The experimental steps were described in details 

by Strady et al. (2009). The FeD was analyzed after 2-folds dilution with deionized water. These 

metal concentrations were then measured by ICP-MS (Agilent 7700x) using spike 103Rh and 197Au 

as internal standards. The analytical precision and accuracy were evaluated using certified 

reference material estuarine water (SLEW-3, Table 5.1a). All reagents were suprapur grade 

(Merck).        

Particulate metal concentrations (Mp) 

Particulate Fe, Mn, Co and Ni concentrations were quantified according to a total extractable 

metal digestion adapted from the USEPA 3051a method (USEPA 2007). The experimental steps 

and analytical evaluations were described in details by Thanh-Nho et al. (2018). In brief, the 

mixture of 6 mL concentrated HNO3 and 2 mL concentrated HCl were used for samples 
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preparation. The Cop and Nip concentrations were analyzed by ICP-MS (Agilent 7700x) using 

103Rh and 197Au as internal standards. The Fep and Mnp concentrations were measured using Flame 

Atomic Absorption Spectrophotometer (Shimadzu AA-6650). The analytical precision and 

accuracy were insured by analyzing certified reference material estuarine sediment (BCR-277R), 

which were also intercalated in each batch of samples digestion (Table 5.1b).  

Table 5-1. Quality control of analytical methods applied for dissolved and particulate metal concentrations 

analysis:a) Accuracy, precision and detection limit using estuarine water SLEW-3; b) BCR-277R for wet digestion 

method. 

a) Dissolved metal concentration analysis 

Element 
Detection limit 

(µg L
-1

) 

Certificated values 

(µg L
-1

) 

Measured values 

(µg L
-1

) 

Recovery 

(%) 

Relative standard deviation 

(%) 

Fe 0.20 0.568 ± 0.059 0.682 ± 0.068 120 10 

Mn 0.09 1.61 ± 0.22 1.48 ± 0.10 92 7 

Co 0.05 0.042 ± 0.010 0.0464 ± 0.0025 116 15 

Ni 0.11 1.23 ± 0.07 1.37 ± 0.11 112 8 

b) Particulate metal concentration analysis 

Element 
Certificated values 

(mg kg
-1

) 

Measured values 

(mg kg
-1

, n = 9) 
Recovery (%) 

Relative standard 

deviation (%) 
Analytical method 

Fe NA 51855 ± 3146 - 6.1 FAAS 

Mn NA 835 ± 29 - 3.5 FAAS 

Co 22.5 ± 1.4 22.9 ± 0.7 102 2.8 ICP-MS 

Ni 130 ± 8 128.9 ± 3.2 99 2.5 ICP-MS 

Particulate organic carbon (POC) and dissolved organic carbon (DOC)  

The DOC was measured on Shimadzu® TOC-L series analyzer employing a 680 oC combustion 

catalytic oxidation method. The analyzer was coupled with a solid sample module (SSM-5000A) 

heated up to 900 oC for the POC determinations (Leopold et al. 2013). A 40 % glucose standard 

was used for calibrations. Repeated measurements of different standards concentrations indicated 

deviations < 2 %.    

5.2.5.  Data calculations 

The partitioning coefficient (KD) was calculated to get a better understanding in the interaction 

of trace metals between dissolved and particulate phases during tidal cycles. KD is defined as the 
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ratio of particulate metal concentration (MP) to dissolved metal concentration in the water column 

(Turner et al. 1993). 

KD = MP/ MD, 

where, MP is the particulate metal concentration and MD is a dissolved metal concentration. 

The Pearson correlation coefficient was performed using statistical package software (SPSS: 

version 23) to identify major relationships between metal concentrations and the physico-chemical 

parameters as well as interrelationships between metals together, which help to identify the main 

factors controlling metal partitioning.   

5.3. Results 

5.3.1. Pore-water characteristics 

Salinity and pH values, as well as the average concentrations of trace metals (Fe, Mn, Co and 

Ni) in mangrove pore-waters at the two seasons, are presented in Table 5.2. They are mean values 

from all the samples collected in the three zones: mudflat, A. alba, R. apiculata. Salinity varied 

between 20 and 28 during the dry season, and between 14 and 22 during the rainy season. pH 

ranged between 4.6 and 6.7 during the dry season, and from 5.5 to 6.8 during the rainy season. 

Most of dissolved metals concentrations presented higher amplitudes during the wet season than 

the dry season with the exception of Co. Mean Fe concentrations were 1,203 ± 780 µg L-1 and 

2,429 ± 2,744 µg L-1 during the dry and the wet season, respectively. Mean Mn concentrations 

were 1,523 ± 919 µg L-1 during the dry season, and 2891 ± 1768 µg L-1 during the monsoon. Co 

and Ni concentrations were far lower than Fe and Mn ones, being 9.4 ± 8.5 µg L-1 and 5.7 ± 0.9 

µg L-1 for Co and 1.2 ± 0.8 µg L-1 and 9.0 ± 8.7 µg L-1 for Ni during the dry and the wet seasons, 

respectively. 
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5.3.2. Physico-chemical parameters variability in the tidal creek 

The temporal variations of water levels, salinity, pH, DO, TSS, POC and DOC during the four 

tidal cycles are presented in Fig. 5.2. Salinity presented different distribution patterns between 

seasons, ranging between 22 and 23 and between 18.5 and 22 during the dry and wet seasons, 

respectively. The highest salinity values were measured at the lowest water levels during the dry 

season, while during the wet season, the opposite trend was observed. pH values varied from 7.0 

to 7.5 during the dry season and from 6.7 to 7.2 during the wet season. DO was higher during the 

dry season than the wet one (4.6 to 6.4 mgO2 L
-1 versus 2.1 to 4.2 mgO2 L

-1, respectively). TSS 

concentrations varied between the four tidal cycles (i.e. 36 to 119 mg L-1 in neap tide vs 60 to 675 

mg L-1 in spring tide during the dry season; 54 to 291 mg L-1 vs 60 to 460 mg L-1 in neap and spring 

tides during the wet season, respectively). For each tidal cycle, the highest TSS concentrations 

were measured at the lowest water level. POC varied from 0.9 to 2.4 % for all tidal cycles. A higher 

POC amplitude was observed during spring tides (1.03 to 2.41 % and 0.87 to 2.37 % in the dry 

and the wet seasons, respectively) than neap ones (1.6 to 1.72 % and 0.9 to 1.6 % in the dry and 

wet seasons, respectively). The highest POC concentrations in each tidal cycle were measured at 

the lowest water level. DOC values were in the same range for all tidal cycles and varied from 

129.5 to 192.1 µmolC L-1. The maximum DOC values were observed at the lowest water level 

whatever the tidal cycle. 222Rn concentrations in the surface water increased during the ebb and 

reached maximum values at the lowest water level for all tidal cycles (Fig. 5.2). 

5.3.3. Variability of dissolved metals concentrations (MD) in the tidal creek  

The variations of MnD, FeD, CoD and NiD during 24 h tidal cycles are presented in Fig. 5.3. 

Overall, all trace metals presented higher mean concentrations during the wet season than the dry 

season. Those metals showed higher concentrations in ebb periods compared with the flood 

periods. MnD increased during the ebb tides and reached up to maximum values at the lowest water 
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5.4. Discussion 

5.4.1. Temporal variability of physico-chemical parameters in the tidal creek 

Because of the high productivity of mangrove forest, mangrove pore-waters are usually 

enriched in DOC (Marchand et al. 2006a). Additionally, mangrove soils are characterized by more 

acidic pH values than estuarine waters because of mangrove-derived organic matter decomposition 

and possible sulfide oxidation (Marchand et al. 2004, Marchand et al. 2012), which is consistent 

with our measurements on mangrove pore-waters. The observed correlations between 222Rn and 

water level, pH, and DOC during ebb tide (Fig. 5.5a, 5.5b) provide strong evidences that tidal 

creek composition was partly controlled by pore-water inputs, even though other variables such as 

estuarine waters inflow during the flood and in situ biogeochemical processes may be involved. 

The key role of pore-water seepage on the composition of mangrove tidal creeks was recently 

evidenced in several studies (Bouillon et al. 2008, Call et al. 2015, Dittmar and Lara 2001, Maher 

et al. 2013). At low tide, DOC concentrations were higher and pH values were more acidic during 

the rainy season than during the dry season. These results may suggest a greater contribution of 

mangrove pore-waters to the tidal creek during the rainy season due to elevated volume of water 

exchanged between mangrove soils and mangrove creek, and also to a larger mangrove area 

immerged because of a higher water level. It can be also related to enhanced processes of organic 

matter decomposition in mangrove soils due to the higher temperature and the rainfall 

characterizing tropical regions (Taillardat et al., under revisions). In mangrove soils, salinity can 

be highly variable with depth and between mangrove stands, depending on the salinity of the 

incoming water (estuarine waters or rainfall) and on evapotranspiration processes (Marchand et al. 

2004). However, the low salinity differences between the estuarine waters and the pore-waters, 

which was related to the tropical climate, prevent the use of salinity to trace pore-water inputs in 

the tidal creek studied. The intense rainfall occurring during the rainy season were responsible for 
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lower salinity values in the tidal creek. Concerning TSS, its variability in the tidal creek may 

depend on two processes; first it can increase during the ebb when the water column within the 

mangrove is low and the flow is rapid, which can induce an erosion of the upper mangrove soil; 

then it can increase at the lowest tide when bottom sediments of the tidal creek are re-suspended 

because of shallow waters. Mangrove soils are most of the time anoxic and contain thus very low 

oxygen content (Kristensen et al. 2017). Accordingly, at low tide during the rainy season, DO 

concentrations in the tidal creek were very low because of mangrove pore-water inputs, which is 

also consistent with our hypothesis of enhanced OM decomposition in mangrove soils during the 

rainy season. However and surprisingly during the spring tide of the dry season, we measured 

increased DO concentrations at low tide. (David et al. 2018) showed that algal cells can grow in 

tidal creek at low tide using nutrients and CO2 provided by the tidal pumping of mangrove pore-

water, and thus resulting in increased DO content, which can explain the observed results. There 

were no significant differences of POC concentrations between seasons, and most of the time POC 

concentrations were higher at low tide. In mangrove tidal creeks, POC concentrations significantly 

increased due to particle resuspension, either from mangrove soils or creek bottom (Bouillon et al. 

2008). 

5.4.2. Trace metals dynamics in the mangrove tidal creek  

5.4.2.1 Manganese dynamic  

The high Mnp concentrations measured in the tidal creek during the flood periods irrespective 

of the seasons may be related to the high Mnp concentrations measured at the mouth of the Can 

Gio mangrove estuary, reaching up to 800 mg kg-1 (Thanh-Nho et al. 2018). Consequently in the 

tidal creek studied, the positive correlations between Mnp and the water levels during the dry and 

the wet seasons (r = 0.7 and 0.8, respectively, Fig. 5.5c) suggest that Mnp mainly originated from 

the estuary. However, correlation between Mnp and TSS was low. As explained earlier TSS in the 
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tidal creek mainly depended on particle resuspension during the ebb, either from mangrove soils 

or creek bottom, while we consider that Mnp mainly originated from the estuary and thus increased 

in the tidal creek when the contribution of the estuarine waters increased, and thus with the flood. 

Variations of MnD concentrations in the tidal creek were the opposite of those of Mnp, and 

increased with the ebb. In the Can Gio mangrove estuary, dissolved Mn concentrations were low, 

with a mean value of 1.3 µg L-1 (Thanh-Nho et al. 2018), which corresponds to what we measured 

in the creek at high tide. However at low tide, MnD concentrations in the tidal creek reached up to 

1800 µg L-1 (Fig. 5.3). Therefore, the contribution of other sources of MnD to the creek is 

suggested. Considering that we measured positive correlations between MnD and 222Rn (r = 0.94, 

Fig. 5.6a), but also between MnD and DOC (r = 0.72 and 0.79 during the dry and the wets seasons, 

respectively, Fig.6f), we suggest that MnD, like DOC, originated from mangrove soils, and were 

exported trough pore-water seepage as observed in Australian mangroves (Holloway et al. 2016). 

It is also possible that organo-manganese complexes were formed, explaining the correlation 

between DOC and MnD. Previous studies described the coupling between DOC and redox sensitive 

elements, like Mn (Dang et al. 2015).  
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However, the enrichment of mangrove-derived organic matter from the mudflat to the Rhizophora 

stand induced the reductive dissolution of Fe-Mn oxihydroxides by bacteria for organic matter 

decay processes, which were a source of dissolved trace metals in pore-waters, with MnD in pore-

waters reaching up to 2891 ± 1768 µg L-1 (Table 5.2). In addition in the tidal creek, Log KD
Mn 

varied in a larger range, from 2.32 to 5.72 (Fig. 5.7), than in the Can Gio estuary, from 4.5 to 5.8 

(Thanh-Nho et al. 2018). We suggest that the drop of Log KD
Mn observed at the low tides during 

both seasons may result from the increasing pore-water MnD inputs. The positive correlation 

between Log KD
Mn and the water level may be related to the decrease of dissolved Mn by the 

physical mixing between pore-water and estuarine water, containing lower MnD concentrations. 

Additionally, we observed that the highest MnD concentrations were measured at the low tide of 

high amplitude cycle following a tidal cycle of low amplitude (Fig. 5.3). We suggest that due to 

the low amplitude of the previous tidal cycle, MnD produced by Mn oxi-hydroxide dissolution was 

not exported but accumulated in the soil, and was exported during the tidal cycle with a higher 

amplitude. Consequently, in the specific system of Can Gio, the intensity of the export of dissolved 

Mn was not only related to the alternation between spring tide and neap tide, but also to the 

irregularity of the tides. Eventually, we measured higher MnD concentrations in the tidal creek 

during the rainy season. We suggest that these higher concentrations were related to higher MnD 

concentrations in pore-waters (Table 5.2). Taillardat et al. (under revisions) suggested that during 

the rainy season, the elevated temperature and the high rainfall induced enhanced mineralization 

rates, which may have resulted in higher MnD production in mangrove soils. In addition during the 

rainy season, the water level of the river and thus of the tidal creek were higher. Consequently at 

high tide, mangrove immersion was more important during the rainy season, which may have 

induced increased exchanges between mangrove soils and tidal creek, also possibly partly 
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explaining the higher MnD in the tidal creek during the rainy season. These results confirm those 

of Holloway et al. (2016), who showed that pore-water exchange can release large amounts of 

dissolved Mn to mangrove creeks, and then to the nearby ocean surface water. 

5.4.2.2 Iron dynamics 

In the mangrove tidal creek studied, Fe, which is like Mn a redox sensitive element (Lacerda 

et al. 1999), presented the same variability than Mn in the dissolved phase but the opposite one in 

the particulate phase. In fact, the highest Fep concentrations were measured at low tide (Fig. 5.4) 

irrespective of the season or the tidal range, reaching almost 50,000 mg kg-1 during the rainy 

season. Conversely at high tide, Fep varied between ~35,000 and 45,000 mg kg-1, which was the 

same range than what was measured in the Can Gio estuary for a similar range of salinity than in 

the tidal creek (Thanh-Nho et al. 2018). Consequently, we suggest that at high tide in the creek, 

Fep concentrations were related to the estuarine inputs and originated from the lateritic soils in Can 

Gio watersheds. In the Can Gio estuary, FeD concentrations were never higher than 30 µg L-1, 

while at low tide in the tidal creek, they reached almost 200 µg L-1. So like for MnD, another source 

than the estuarine waters must be considered. In mangrove pore-waters, mean FeD concentrations 

were 1,200 and 2,400 µg L-1 during the dry and the rainy season, respectively (Table 5.2). As 

explained for Mn, Fe oxihydroxide dissolution in suboxic conditions during OM diagenetic 

processes were responsible for these elevated concentrations (See chapter three of this thesis), and 

the high temperature and intense rainfall, enhancing OM decomposition, induced the higher 

concentrations measured during the rainy season. Consequently, we suggest that pore-water 

seepage was responsible for the high FeD concentrations measured in the tidal creek at low tide, 

which were even higher during the wet season because of increased geochemical processes in 

mangrove soils. 



   

 

139 
 

This hypothesis was confirmed by the positive correlations between dissolved FeD 

concentrations and 222Rn (r = 0.63, Fig. 5.6b). However, the correlation was less strong than the 

one between MnD and 222Rn (Fig. 5.6a), which possibly suggest that FeD was subject to 

biogeochemical processes. In addition, FeD and MnD concentrations in mangrove soil pore-waters 

were in the same range, but at low tide in the tidal creek, when pore-water inputs were maximum, 

FeD concentrations were 10 times lower than MnD. However and conversely to Mnp, Fep 

concentrations in the tidal creek were maximum at low tides, with higher values than those we 

measured in the estuary. Consequently, we suggest that, because of different physico-chemical 

properties between the tidal creek and mangrove soils, notable O2 and pH, part of the dissolved 

iron that was exported from mangrove soil precipitated in the creek, explaining the high Fep 

concentrations measured at low tide and the fact that FeD concentrations were 10 times lower than 

MnD. In mangrove soils, pH ranged from 4.6 to 6.8 (Table 5.2, and chapter three of this thesis), 

while in the tidal creek at low tide, it was always higher than 6.5, which can favor FeD precipitation 

(Hatje et al. 2003). This hypothesis could be supported by the positive correlation between Log 

KD
Fe and pH (r = 0.56 and 0.60 during the dry and the wet season, respectively, Fig. 5.5h), and by 

the positive correlation between Log KD
Fe and the water level. In addition in the tidal creek, Log 

KD
Fe ranged from 5.33 to 8.19 (Fig. 5.7), while in the Can Gio estuary, Log KD

Fe varied between 

6.39 and 7.6 (Thanh-Nho et al. 2018).  
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ocean. However, we suggest that the great variability of pH and O2 in mangrove ecosystems may 

limit this export under the dissolved form. Our results also confirm the hypothesis developed by 

Thanh-Nho et al. (2018) of an input of Fep from mangroves to the estuary, where they measured 

increased Fep concentrations at the “mangrove” station. In addition, like observed for different 

forms of carbon (Call et al. 2015, Maher et al. 2013), the type of tides and their ranges influenced 

Fe concentrations in the tidal creek, being higher when a large tidal range followed a small one 

because of elevated water residence time in the mangrove and larger mangrove area immerged. 

 

Fig.  5-7. Correlations between Log KD of trace metals and water level in all tidal cycles in the creek during the dry 

(gray dots) and the wet seasons (black dots). 

5.4.2.3 Cobalt and Nickel dynamics 

Because of their similar distributions in dissolved and particulate phases in the mangrove tidal 

creek, Co and Ni were discussed together. Surprisingly, we did not observe any significant 

difference of Cop and Nip concentrations between low tide and high tide. For similar salinity values 

in the estuary, Cop concentrations ranged between 10 and 20 µg L-1, and Nip between 40 and 50 
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µg L-1 (Thanh-Nho et al. 2018), which was similar to what we measured in the tidal creek. We, 

thus, consider that estuarine waters were the main sources of Cop and Nip in the tidal creek. 

However, the highest concentrations of Cop and Nip were measured at the lowest water level during 

spring tide in the wet season (Fig. 5.4), which may suggest that these two elements were subject 

to the same geochemical processes than iron, being exported from mangrove soils under dissolved 

form and precipitating in the creek. This process may also explain the almost stable concentrations 

measured in the creek whatever the tidal period, without Co and Ni precipitations at low tide, a 

decrease of their concentrations would have been observed. In fact, CoD and NiD presented higher 

concentrations in the creek water than the mouth of the Can Gio mangrove estuary irrespective of 

the season, with mean concentrations lower than 0.1 µg L-1 for CoD and lower than 1.0 µg L-1 for 

NiD irrespective of the season (Thanh-Nho et al. 2018). We suggest that the increasing CoD and 

NiD concentrations during the ebb resulted from pore-water inputs, being consistent with the 

negative correlations between CoD, NiD and water levels during the tidal cycles (r = -0.57; -0.68 

for CoD during the dry and the wet season, Fig. 5.5e; and r = -0.59 for Ni during the wet one, Fig. 

5.5f). However, we did not observe good correlations between CoD, NiD and 222Rn (Fig. 5.6c and 

6d), most probably because, like we suggested, these elements were subject to geochemical 

processes during their transfer from the soil to the creek and also in the creek. Like for MnD, CoD 

concentrations in the tidal creek were positively correlated to DOC (r = 0.62; 0.77 with DOC 

during the dry season and the wet season, respectively) (Fig. 5.6h). Like for Mn, in addition to a 

common origin, i.e. mangrove pore-waters, we suggest the formation of organo-cobalt complexes, 

which may have increased the mobility of CoD during its transfer from the pore-water to the tidal 

creek (Noble et al. 2008). Log KD
Co presented a large range of values, from 3.7 to 5.3, being 

positively correlated with the water level (Fig. 5.7). As a result of pore-water inputs, Log KD
Co 
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decreased during the ebb (Fig. 5.7). During the flood, CoD may be adsorbed onto Fe-oxihydroxide 

as they precipitate because of variable redox and pH conditions (Murray and Dillard 1979). This 

hypothesis may be supported by the negative correlation between CoD and pH (r = -0.66 and -0.72 

during the dry and the wet season, respectively, Fig. 5.5i) and by the negative correlation between 

Log KD
Co and DOC (r = -0.83 during the dry season and r = -0.58 during the wet season, Fig. 5.5j). 

Furthermore, the CoD decrease during the flow can result from the physical mixing of the creek 

water with the estuarine water, containing lower CoD concentrations.  

Similarly to Co, Log KD
Ni was positively correlated with the water level (Fig. 5.7), implying 

that physico-chemical processes also played key roles in Ni partitioning in the tidal creek. During 

the flood, decreasing NiD concentrations in the tidal creek most probably resulted from the dilution 

by the estuarine water, containing lower NiD, and/or from the adsorption onto TSS and the 

precipitation with Fe oxihydroxides. The later hypothesis may be supported by the negative 

correlation between NiD and pH (r = -0.72 during the dry season, Fig. 5.5k). This result was 

consistent with the positive correlation between Log KD
Ni and pH (r = 0.65, Fig. 5.5l).  

5.5. Conclusions 

This study evidences that mangrove soils can lose part of their trace metals stocks, exporting 

dissolved trace metals in tidal creeks during ebb tide through pore-water seepage. Consequently, 

the role of trace metal sinks of mangrove may be questioned and budget studies must be developed. 

The main conclusions of this study can be summarized as follow: 

1) Tidal ranges and irregularities of the tidal cycle influence trace metals concentrations in 

the tidal creek, by controlling pore-water seepage. A larger area of mangrove immerged and an 

increased residence time of the water in the mangrove, like what happened when a strong tide 

followed a small one, result in enhanced export of trace metals in the tidal creek during the ebb. 
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2) The high temperature characterizing tropical region, and the heavy rainfall occurring 

during the monsoon, may be responsible of enhanced geochemical processes in mangrove soils, 

resulting in elevated dissolution of metals bearing phases and thus in higher trace metals export 

during the rainy season. 

3) Large amount of dissolved Mn, originated from mangrove soils, were exported from the 

tidal creek to the estuary and possibly to the coastal ocean. 

4) Geochemical processes in the tidal creek modified trace metals partitioning. We suggest 

that part of the dissolved iron exported from mangrove soils, but also to a lesser extent dissolved 

nickel and cobalt, precipitated in the tidal creek due to different physico-chemical properties than 

in mangrove soils; colloidal flocculation may also be involved in particulate Fe, Ni, Co distribution 

in the creek. Consequently, these elements were mainly exported in the particulate form explaining 

the high concentrations measured in the estuary (See Chapter two of this thesis). 
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6. Chapter 6 - Conclusions and Perspectives 

6.1. Conclusions 

The purpose of this PhD thesis was to understand trace metals cycling in the Can Gio mangrove 

forest, which is located at the edge of the densely populated megacity - Ho Chi Minh City and the 

South China Sea.  

Despite being situated downstream the biggest city in Vietnam, Can Gio mangrove sediments 

did not present high trace metal concentrations. We suggest that the main sources of trace metals 

in the mangrove were natural, and were the lateritic soils (i.e. rich in oxihydroxides) of the Sai 

Gon-Dong Nai Rivers watersheds (Chapter 3). During the wet season, heavy rainfall induced 

increased runoff and soil leaching, resulting in enhanced trace metal inputs to the estuary, both in 

particulate and dissolved phases (Chapter 2). However, as soon as trace metals enter the estuary, 

their distribution and partitioning changed due to the physical mixing with seawater and/or 

biogeochemical processes, notably organic matter (OM) decay processes. Total suspended matter 

(TSM) was proved to be the main carrier for trace metals during their transports to the ocean. 

However, TSM variations did not fully explain the fluctuations of trace metals distribution along 

the salinity gradient. Extra inputs, like runoff from adjacent mangrove sediments but also pore-

water seepage, were suggested to be involved in trace metals dynamics in the Can Gio mangrove 

estuary. We suggest that the bacterial reductive dissolution of oxihydroxides in mangrove 

sediments during mineralization of OM in suboxic condition released dissolved trace metals in the 

pore-waters (chapter 3), which were then exported towards tidal creeks and eventually to the 

estuary. As a result of their high redox sensitive, dissolved Fe and Mn concentrations were 

dominant in mangrove pore-waters. Tidal ranges and irregularities of the tidal cycles influenced 

trace metals concentrations by controlling pore-water seepage. We also suggest that during the 

monsoon the change in temperature and heavy rainfall may be responsible for enhanced 
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biogeochemical processes in mangrove sediments, resulting in elevated dissolution of metals 

bearing phases and thus in higher trace metals exports during the rainy season. In addition, when 

delivered to the tidal creek under dissolved form, trace metals can precipitate because of different 

physico-chemical conditions, and be exported to the estuary under particulate form, like iron. 

Along the estuary, OM appeared to play a key role in trace metals partitioning, specifically for As 

and Cr. OM decomposition with increasing O2 content resulted in As and Cr increases in dissolved 

phase. Conversely, Mn dynamic was strongly influenced by oxygenation and pH changes, which 

induced the decrease of dissolved Mn concentrations by precipitation of oxihydroxides. The 

absence of specific correlations between the Log KD of Fe, Co, Pb and physico-chemical 

parameters did not allow us to better characterize these metals partitioning in this estuary. 

Irrespective of the season, Ni was poorly reactive, and physical mixing was the main factor 

controlling its distribution in the Can Gio mangrove estuary.  

Furthermore, Can Gio mangrove sediments acted as a natural biogeochemical reactor, inducing 

modification of trace metals bearing phases (Chapter 3). Redox cycling in sediments impacted the 

Fe-Mn oxides dissolution, and subsequently the metals geochemistry across the intertidal zones. 

Depending on specific characteristic of metals and on the redox condition, dissolved metals from 

reductive dissolutions were re-precipitated with new bearing phases: organic matter, carbonates or 

sulphides. Most of metals partitioning beneath the Avicennia stand and the mudflat was similar 

with high proportion of the lithogenous fraction (except Mn, which was mostly present in the 

available fractions, especially in the exchangeable/carbonate bound one). Trace metals partitioning 

beneath the Rhizophora stand was different. We suggest that the organic enrichment of the 

sediment from the mudflat to the Rhizophora stand played a key roles on this difference, with a 
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decrease of the residual phases associated with increases in the organic fraction and in the total 

available fractions toward the inner mangrove forest.  

We observed that trace metals can be transferred from mangrove sediments and the pore-waters 

into mangrove biota’s tissues (plants and snails) via both active and passive processes, and that the 

degree of trace metals concentrations in their tissues depended on the availability of trace metals 

in their habitats (Chapter 4). For plants, mangrove roots can be considered as “phytostabilizators”, 

immobilizing and limiting Fe and As translocation to aerial part. Conversely, Mn and Cu presented 

high translocation factors. As a result of high BCF in roots and leaves associated with high TF, 

Rhizophora trees can be considered as Mn “phytoextractors”. We suggest that strong plants uptake 

and pore-water seepage of trace metals to the water column could induce the decrease of trace 

metals stocks in the sediment beneath mangrove vegetation, especially in the Rhizophora stands 

(Chapter 3). Cr and Ni showed low BCF in both roots and leaves as a result of their low 

bioavailability in the sediment. Concerning snails, the concentrations of Fe, Mn and Cu were 

higher than those As, Ni, Cr and Co in their tissues. Among non-essential elements, all snail 

contained higher As concentration in their tissues than other metals as a result of its high 

bioavailability in the sediment. Concerning Littoraria (leaves eater) and Cerithidea (sediment 

eater), metals concentrations in their tissues were related to the trace metals amount in their habitat. 

In fact, both snails species contained higher metals concentrations in the Rhizophora stand than in 

the Avicennia one, as a result of higher trace metals in available fractions in the sediment beneath 

Rhizophora. 

The findings of my PhD thesis contribute in several ways to our understanding of the role of 

mangrove forest on trace metal cycling and provide basis for further investigations concerning 

trace metal pollutants in the Can Gio mangrove. This work also offers valuable insights into the 
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fate of trace metals in the tropical mangrove ecosystem and thus make several contributions to the 

current literature. 

6.2. Research Perspectives 

6.2.1. Seasonal effect on trace metals geochemistry in mangrove sediments   

Metal speciation in mangrove sediments depends on one or several sediment properties: pH, 

organic matter, clay content, redox potential, salinity, the quality and quantity of suspended matter 

(e.g. organic and inorganic), iron and manganese oxihydroxides (Marchand et al. 2012). Seasonal 

and meteorological conditions associated with tidal amplitude and flooding characteristics are 

probably the most important variables to consider for describing the biogeochemical processes in 

mangrove sediments and pore-waters. Complex redox cycling in mangrove sediments may thus 

significantly impact the speciation of metal elements across the intertidal zone (Clark et al. 1998, 

Tam and Wong 2000). Thus, a further investigation on the trace metal geochemistry in the 

sediment collected during the dry season, with lower temperature and the absence of rainfall, 

should be carried out to get a better understanding of the full fate of trace metals in the Can Gio 

mangrove forest and to further provide a data of trace metals geochemistry in a tropical mangrove 

to current literature.  

6.2.2. Estimate trace metals budget in mangrove ecosystem  

The present study evidenced that mangrove sediments can lose part of their trace metals stocks 

beneath mangrove vegetation (chapter 3), exporting dissolved trace metals in tidal creeks during 

ebb tide through pore-water seepage (chapter 5). This processes lead to high concentration of Mn 

in tidal creeks. Consequently, the role of trace metal sinks of mangrove may be questioned and 

budget studies must be developed. In previous study, Holloway et al. (2016) reported that pore-

water exchange can release large of dissolved Mn to mangrove creek with much of Mn subsequent 

exported to the nearby ocean surface water along the latitudinal gradient from 28oS to 12oS in 
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Australia. When compare to dissolved Mn concentrations of these mangrove in Australia, our 

findings are of higher order of magnitude both in the pore-waters and in the tidal. In addition, the 

Fe and Mn concentrations in Can Gio mangrove sediment were higher than those measured in the 

other tropical mangroves (Alongi et al. 1998, Sanders et al. 2015). Consequently, further research 

need be conducted to determine trace metals budgets in mangroves, to precisely quantify the 

amount of metals deposited each year and the one that is exported from the mangrove to the ocean. 

The further data could provide more understanding of the trace metals dynamics along the 

latitudinal gradient.    

6.2.3. Trace metals bioaccumulations in coastal trophic chain 

Trace metals can accumulate in the organs and tissues of aquatic organisms at higher 

concentrations than those in water. Moreover, some of them can be biomagnified in the food web 

and can cause negative biochemical and physiological effect to top predators, including human 

(Al‐Reasi et al. 2007, Borrell et al. 2016). In particular, arsenic, a toxic metalloid with geogenic 

source (Järup 2003), presented high concentration in pore-waters and high bioavailability in Can 

Gio mangrove sediments (chapter 3). In addition, some trace metals were not studied in the present 

PhD as Cd, Pb, Hg, etc., which are known to be toxic for human health (Li et al. 2015). The fish 

is the important natural resources for local people, being high economic values (Kuenzer and Tuan 

2013). Therefore, controlling the levels of trace metals accumulation in fishes may be required to 

protect human health in the future.         

6.2.4. Comparison of trace metals exports with other mangroves characterized by higher trace 

metals loads.   

In New Caledonia, one third of the island is composed of ultramafic rock, and lateritic soils 

rich in metals as Fe, Ni and Cr. Marchand et al. (2012) stated that the erosion can lead to the deposit 

of huge quantities of these metals in mangrove including Mn, and that the dissolved metals in pore-



   

 

150 
 

water presented higher concentrations than those measured in Can Gio mangrove, specifically for 

dissolved Ni concentration presenting approximately 100-fold higher. Because of these differences 

in climate and tidal regime (i.e diurnal tidal range), we suggest an investigation to estimate quantify 

trace metals exports from New Caledonian mangrove sediment to tidal creeks and further to the 

lagoon, which is the biggest one in the world. These further findings could provide a significant 

data in the contribution of trace metals budgets to the ocean.           
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ABSTRACT 

Mangroves are considered as efficient barriers between land and sea, being sinks for trace 

metals and protecting coastal water from pollutions. However this ability may depend on sediment 

characteristics and hydrology. The fate of trace metal is complex due to various biogeochemical 

processes across the intertidal zone. Because of their toxicity to mangrove biodiversity and also to 

human health, the trace metal cycling is a serious question addressed by many scientists during the 

last few decades and nowadays. In contrast to the rest of the world, trace metal distribution in Viet 

Nam’s mangrove forest has received little attention. The aim of this research was to characterize 

some trace metals dynamics in the Can Gio mangrove, which is located in the Southern Viet Nam, 

being situated at the edge of a densely populated megacity – Ho Chi Minh City (i.e. almost 10 

million inhabitants) and the South China Sea. Along the Can Gio estuary, trace metals, which 

mainly originated from upstream lateritic soils, were transported mostly associated with suspended 

solids, mainly oxihydroxides forms. After being deposited in mangrove sediments, the 

oxihydroxides were dissolved by bacteria during organic matter decay processes under suboxic 

condition, releasing trace metals in pore-waters. The enrichment of mangrove derived-OM from 

the mudflat to the Rhizophora stand played a key role in controlling diagenetic processes. 

Dissolved metals were then reprecipitated with new bearing phases such as organometallic 

complexes, suphides, carbonate etc. depending on the redox condition and on metal characteristics. 

Furthermore, part of these dissolved metals were available for biota uptake or export to tidal creek 

by pore-water seepage. Consequently, this PhD thesis also demonstrated that mangrove 

ecosystems can be sources of trace metals for adjacent ecosystems. 

 

 


